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Engineered nanomaterials (ENMs) contribute significantly to improving 
human life through extensive applications in industrial and consumer products, 
thanks to their unique physicochemical and optoelectronic properties. 
Concomitantly, the environmental levels of ENMs are increasing due to their 
occurrence in waste streams such as wastewaters and landfill leachates, and 
emissions from e.g., industrial flue-gas stacks and incinerators as a result of 
combustion. While high bioavailability and toxicity of these materials to living 
organisms are of particular concerns according to the literature, there are few 
analytical techniques to characterize and quantify trace environmental 
concentrations of ENMs in real matrices. ENMs exhibit different behavior and 
fate in the environment, and this can subsequently influence their detection 
and identification. Furthermore, the sample matrix itself may directly interfere 
with the trace analysis of ENMs. As such, robust sample preparation and 
analytical approaches are needed. The current thesis has addressed some major 
issues associated with the determination and characterization of ENMs in 
water.  A review of current knowledge about properties, application, toxicity, 
and transformation of ENMs is provided in Chapter 1. The available methods 
for characterization, separation, and quantification of these materials are also 
briefly described in Chapter 1.  
In Chapter 2, cloud point extraction (CPE) evaluated for the trace analysis 
of copper(II) oxide nanoparticles (CuO NPs) is reported. Factors such as 
Triton X-114 (TX-114) concentration, pH, incubation temperature and time, 
xi 
 
were optimized. For the first time, the effects of CuO NP behavior like 
agglomeration, dissolution, and surface adsorption of natural organic matter, 
copper(II) ions (Cu
2+
), and coating chemicals, on its recovery were studied. 
The results indicated that all the CPE factors had significant effects on the 
extraction efficiency. The detection limits for CuO NPs were 0.02 and 0.06 µg 
L
-1
 using these techniques, respectively. 
In Chapter 3, the development of a solvent microextraction technique is 
reported for the first time, for the separation of surface-functionalized silver 
(Ag) and titanium dioxide (TiO2) NPs in natural water samples. Five NP 
surface modification and solvent extraction agents (reagents) types, 
mercaptocarboxylic acid, alkylamine, mediator solvent, extraction solvent, and 
surfactant, were investigated and optimized with three-level orthogonal array 
design (OAD), an OA27 (3
13
) matrix. The most favorable reagents and 
experimental conditions were then examined. Based on the results, efficient 
ligand exchange and acid–base pair formation were observed on the NP 
surface without significant change in the original properties of the NPs. 
Detection limits of ICP-MS analyses of Ag and TiO2 NPs were 0.02 and 0.07 
µg L
-1
, respectively.  
In Chapter 4, we describe a multivariate approach that was employed to 
investigate the role of combinatorial environmental factors in the behavior and 
fate of zinc oxide (ZnO) NPs in aqueous systems. The effects of six co-
varying environmental factors, organic acid type, organic acid concentration, 
NP concentration (water temperature for dissolution study), pH, salt content, 
and electrolyte type, on the aggregation and dissolution of ZnO NPs were 
studied using an OA27 (3
13
) matrix. The results showed that the organic acid 
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concentration and the pH were the most significant factors (p <0.001) 
influencing aggregation and dissolution of ZnO NPs, respectively. This 
approach demonstrates that the behavior of ZnO NP may vary substantially 
under combinatorial conditions. 
In Chapter 5, a comprehensive study is reported on the effects of water 
temperature on the dynamic behavior and fate of ZnO NPs in US 
Environmental Protection Agency (EPA) synthetic water samples containing 2 
mg C/L of humic acid as a natural organic matter surrogate (NOM), at the 
temperature range of between 4 
°
C and 45 
°
C, representing very cold to warm 
freshwaters with varying pH and hardness. The results showed that water 
chemistry had more pronounced effects than the temperature on the rate of 
ZnO NP aggregation. With increase of the water temperature, the NP surface 
potential, dissolution and surface adsorption of NOM and zinc ions declined. 
This study provides useful information for assessing environmental risks of 
ZnO NPs in aqueous matrices with various water chemistries and 
temperatures. 
The results presented in the current thesis indicate that the robustness of 
an analytical approach applied for the detection, determination, and behavior 
characterization of ENMs in water, relies on the preservation of the original 
properties of ENMs, and resembling of the environmentally-relevant 
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Figure 5-3 Intensity-normalized aggregate size distribution of ZnO NPs at 45 
°
C in different synthetic freshwater samples. 
Figure 5-4 Effect of temperature ramp rate on the aggregation kinetics of ZnO 
NPs in the VSW (a), MHW (b), and VHW (c) samples. The target temperature 
is 45 
°
C. Data show the time-dependent average hydrodynamic diameters 
determined by dynamic light scattering analyzer. Error bars (indicating the 
standard deviations of triplicate measurements) are not shown for clarity.  
Figure 5-5 Effect of temperature on the ζ-potential of ZnO NPs (average 
value) in the synthetic freshwater samples (containing 2 mg C/L of humic 
acid), determined by ζ-potential analyzer. Error bars show standard deviations 
of three independent replicates. 
Figure 5-6 Dissolution kinetics of ZnO NPs in various synthetic freshwater 
samples at 4 
°
C (a), 25 
°
C (b), and 45 
°
C (c), showing the time-dependent 
average dissolved zinc concentration measured by ICP-OES/ICP-MS. Error 
bars represent standard deviations of triplicate measurements. 
Figure 5-7 Effects of temperature on the amount of NOM (a) and Zn
2+
 (c) 
adsorption on ZnO NP surface after 24 h in the synthetic water samples, and 
their related van’t Hoff plots (b,d). The spiked levels of NOM, Zn2+, and ZnO 
NPs are 2 mg C/L, 2 mg/L, and 20 mg/L, respectively. Data represent the 
average values measured by TOC analyzer (in (a)) and ICP-OES/ICP-MS (in 
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Chapter 1 Introduction 
Nanoparticles (NPs) are used in several industrial and consumer products as 
coatings, catalysts, thermoelectric materials, solar cells, drug carriers and 
biosensors, antimicrobials and cosmetic products [1], and therefore, 
manufactured extensively. Their unique physicochemical properties such as 
high surface area, enhanced affinity and reactivity due to increased number of 
atoms on the surface, have led to increasing focus on them in the 
nanotechnology field. The current state of knowledge indicates that NPs are 
widely synthesized with different shapes, sizes, coatings, and crystal 
structures, for specific use. They are known as engineered NPs (ENPs).  
ENPs exhibit enhanced properties and stability in the environment. The 
release of ENPs via waste streams as a result of anthropogenic activities, 
runoff, weathering, and abrasion, is of growing concern [2]. ENPs are 
stabilized in environmental waters containing electrolytes because of their 
surface coating and presence of natural organic matter (NOM). This results in 
the enhanced mobility and long-range transport of ENPs in the water column, 
and increases the exposure risks posed by ENPs to aquatic organisms [3]. NP 
aggregation, settling, dissolution, surface charge and adsorption, are some of 
the most important behavior and fate of ENPs that relate to the primary 
properties of ENPs (like size, morphology, and elemental composition) and 
water chemistry of the sample matrix. These processes determine the 
partitioning of ENP in the water, sediment, and biota compartments. It should 
be noted that in the current thesis wherever the possibility of joining particles 
tightly to one another was investigated under the experimental conditions 
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used, the term “aggregation” was applied. The term “agglomeration” was used 
for a process in which the particles were loosely attached [4]. The 
bioavailability and toxicity of ENPs to living species have been focused 
markedly in the past decade. Some metallic ENPs such as silver (Ag), zinc 
oxide (ZnO), and titanium dioxide (TiO2) have been listed as priority NPs for 
risk assessment [5]. Based on the scientific meetings during 2006 and 2013, 
several reports were published by Organization for Economic Co-operation 
and Development (OECD) committee on the evaluation of the environmental 
health and safety of NMs [6]. The International Office for Standardization 
(ISO) has also developed and published a number of standardized protocols 
within the scope of ISO/TC 229 (nanotechnologies) [7], e.g., for the 
characterization (ISO/TR 13014:2012), risk evaluation (ISO/TR 13121:2011), 
and toxicological screening (ISO/TR 16197:2014) of NMs. Ag and ZnO NPs 
have been shown to be very (cyto)toxic at low levels to various organisms 
including human beings due to release of ions [8]. Among metal oxide NPs, 
copper(II) oxide (CuO) NPs may cause serious damages to tissues, 
deoxyribonucleic acid (DNA), and cell membrane [9]. A study on its 
environmental level and behavior is thus merited.  
  Modeled results of the distribution of these ENPs indicate that they 
mainly occur in water compartment, and their corresponding predicted 
environmental concentrations (PECs) are in the range of between 
subnanogram per liter and several micrograms per liter [10]. To date, a few 
analytical techniques have been introduced to quantify trace levels of ENPs 
[11], such as field flow fractionation (FFF) and hydrodynamic 
chromatography (HDC), which mainly focus on noble metallic ENPs like gold 
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(Au) and Ag NPs. They enable size separation (fractionation) and 
quantification (when combined with, e.g., inductively coupled plasma-mass 
spectrometry (ICP-MS)) of these NPs in complex matrices including water 
samples [12–14]. Very recently, single particle (SP)-ICP-MS as a sensitive 
technique was employed to detect and determine different sizes of Au and Ag 
NPs [15,16]. However, these methods have not been cost-effective so far due 
to extensive instrument maintenance and optimization needed, and their 
applications are limited to pristine NPs. Some other electrophoretic, 
electroanalytical, and spectroscopic techniques have also shown low 
sensitivity and reproducibility, and have been applied to a few types of ENPs 
[17]. Thus, there is a pressing need to develop a robust analytical method for 
quantification of NPs in the environment. The effects of environmental 
conditions such as water chemistry and temperature, corresponding ion (e.g., 
zinc ion (Zn
2+
) for ZnO NPs) and natural organic matter (NOM) which likely 
make changes to the original properties of NPs, have not yet been fully 
addressed. The coexistence of micron-sized particles and natural suspended 
particulate matter (SPM), are other issues interfering the separation and 
detection of NPs. Furthermore, the original properties of ENPs may be altered 
due to sample matrix effect and/or during size separation and detection. The 
species-selectivity, broad particle size distribution (PSD) commonly observed 
in real water samples, and the interferences posed by background electrolytes, 
are the major challenging issues. Hence, it is worth to investigate the influence 
of pertinent environmental factors such as water chemistry and temperature on 
the behavior and fate of ENPs in aqueous media.  
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A review of the application and environmental implications of NPs, and 
characterization, separation, and quantification techniques used for NPs, is 
provided in the following sections. 
1.1 Application and Environmental implications of NPs 
1.1.1 Application 
As a definition, natural/manufactured materials with at least one dimension 
size between 1 and 100 nm are termed as NPs [18]. The European 
Commission in 2013 defined nanomaterial as “a natural, incidental or 
manufactured material containing particles, in an unbound state or as an 
aggregate or as an agglomerate and where, for 50 % or more of the particles in 
the number size distribution, one or more external dimensions are in the size 
range 1–100 nm” [19]. NPs, based on their constituents, are categorized as 
carbon-based and metal-based NPs. 
The first national nanotechnology program, the National Nanotechnology 
Initiative, was established in USA in 2000. Since then, similar programs have 
been launched in about 60 countries. The total worldwide annual funding for 
nanotechnologies was estimated to be 17.8 billion dollars in 2010 [20]. ENPs 
are widely manufactured and used in a variety of products. The annual 
production and major applications of ENPs have been recently documented. 
The results obtained so far are based on the modeling, probabilistic, and 
questionnaire approaches [21–23]. Tables 1-1 and 1-2 show the annual 
production and major applications, respectively, of TiO2, ZnO, and Ag NPs. 
While the information about production of CuO NPs is scarce, very recently, 
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Bondarenko et al. reported the applications of CuO on the basis of the number 
of papers published in the Institute for Scientific Information (ISI) Web of 
Science, as reported in Table 1-2 [8]. 
Ag NP is the most incorporated NP in industrial and consumer products in 
term of number of products. It is being utilized as an antimicrobial 
(antibacterial, antiviral, and antifungal) agent in consumer products like 
cosmetics, textiles, detergents, respirators, phones, water filters and 
purification systems, and for wound healing [8]. 
Table 1-1 Annual production quantities of ten ENPs (ton/year) [1] 
ENP Worldwide 
(median) 
Europe (median)  US (range) [20] 
SiO2 5500 5500  
TiO2 3000 550 7800–38000 
ZnO 550 55  
Carbon nanotube 
(CNT) 
300 550 55–1101 
FeOx 55 550  
CeOx 55 55 35–700 
AlOx 55 550  
Ag 55 5.5 2.8–20 
Quantum dots 
(QDs) 
0.6 0.6  




TiO2 NP is largely added to products as ultraviolet (UV) absorber (in 
cosmetics), thickener, and pigment. It, and in particular in the anatase form, is 
well identified as a photocatalyst, and is applied in e.g., wastewater treatment 
process. It is also applied in dye-sensitized solar cells [9]. 
ZnO NP is the third highest globally manufactured NP that acts as UV-
light scattering additive in cosmetics like sunscreens, toothpastes, and beauty 
products [24]. It is extensively used in solar cells, paint (as the whitening 
pigment), synthetic fibres, electronics, catalysts, abrasives, and textiles. It has 
also shown enhanced antibacterial properties [8]. 
CuO NP is mainly used in electronics like semiconductors and electronic 
chips, and as a heat transfer nanofluid [25]. The application of CuO NPs is 
extended to catalysts, gas sensors, solar cells, lithium ion batteries, 
antimicrobial products, and biocidal textiles such as socks, face masks, and 
wound dressings [8]. 
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 NPs  
ENP Product category % of total use 
c 
TiO2 Cosmetics (incl. sunscreens) 70–80 
 Coatings & cleaning agents <20 
 Plastics <20 
 Paints 10–30 
 Cement 1 
 Others <10 
ZnO Cosmetics (incl. sunscreens) 70 
 Paints 30 
Ag Anti-microbial coatings 80–100 
 Textiles 30–50 
 Paints, coatings & cleaning agents 10–30 
 Cosmetics 20 
 Consumer electronics & conductivity  10–20 
 Medtech  20 
CuO Sensors 49 
 Catalysts 20 
 Surfactants 6 
 Antimicrobial 4 
 Others 21 
a
 Based on the survey results. 
b
 Based on the publications indexed by Thomson 
Reuters ISI Web of Science (March 2013). 
c
 Based on different answers, the total use 




1.1.2 Transformation of NPs in the environment 
There are various forms of ENPs produced and released to the environment: 
(1) as-manufactured or pristine NPs, (2) those incorporated into products, 
known as product-modified ENPs; (3) those affected by environmental 
processes but still associated with the products, termed as product-weathered 
ENPs; (4) those released from products in the environment, identified as 
environmentally transformed ENPs. The reactivity and toxicity of ENPs 
occurring in the environment may be enhanced or reduced [26]. 
Recently, the US National Research Council introduced a new framework 
for environmental health and safety (EHS) of NMs [27]. The committee 
proposed some critical elements needed for understanding interactions of NMs 
in the environment including physicochemical and biological transformations, 
bioavailability, toxicity, and reactivity of NMs. The transformation of ENPs 
occurring in the environment and biological matrices may originate from 
aggregation, dissolution, adsorption of macromolecules, small molecules 
(ligands), and ions, sulfidation, and redox reactions that ultimately influence 
the fate and distribution of ENPs in the environment. The particle persistence 
and toxicity may thus be increased or lowered [28–30]. 
Surface waters and aerated soils could act as oxidizing environments, 
while groundwater and carbon-rich sediments are able to cause ENP 
reduction, particularly under photolytic conditions. This may lead to the 
production of reactive oxygen species (ROS). The sulfidation results in metal 
sulfide formation as a shell for NP core, reducing the charge and inducing 
aggregation [31]. NP aggregation decreases the NP surface area and increases 
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settling rate and particle persistence. This can influence reactivity, solubility, 
and bioavailability of NPs. Homoaggregation (between the same NPs) and 
heteroaggregation (between NPs and other particles) may prevent cellular 
uptake [2]. 
In a biological matrix, NP transformation most likely occurs in the 
medium or tissues (intracellular and extracellular). Redox reactions in the cell 
membrane, cytoplasm, or via enzymes and cytochromes may result in ROS 
generation. Surface adsorption of NOM and polysaccharides in the medium as 
well as of proteins in living cells inevitably occurs upon introduction of ENPs 
[2]. Ambient conditions such as light and temperature can influence NP 
behavior and alter its fate in the environment. So far, few studies have been 
conducted on photo- and temperature-induced transformation of NPs [32,33], 
whereas photocatalytic application of metal oxide NPs in water remediation 
and their biocidal effects have been widely reported [34,35]. Figure 1-1 
illustrates the effects of water temperature on the behavior and fate of ZnO 
NPs. As shown, the NPs exhibit different behaviors in very cold and warm 
waters [36].  
 
Figure 1-1 Behavior and fate of ZnO NPs in cold and warm waters 




Materials at the nanoscale exhibit different or enhanced properties compared 
to their bulk due to increased surface area and number of surface atoms, and 
therefore, more toxicity to living organisms [37,38]. As a consequence of 
small size and large surface area, NPs may cause adverse effects to organ, 
tissue, cellular, sub-cellular, and protein levels. Since they interact with 
proteins and enzymes (in e.g, mammalian cells), they may also potentially 
produce ROS, and induce an inflammatory response and destruction of 
mitochondria. This can lead to apoptosis and necrosis [9]. The generation of 
ROS such as superoxides, hydrogen peroxide, hydroxyl and other oxygen 
radicals may cause cell death in various cultures as a result of direct 
oxidization of DNA, proteins, and lipids (oxidative stress) [39–41]. 
A number of studies have been conducted on the toxicity of ENPs, and 
have been largely growing within the past five years. Table 1-3 summarizes 
the toxicity of these NPs and their respective salts to various organisms on the 
basis of the measured median lethal (effective) concentration (L(E)C50) or 




Table 1-3 L(E)C50 values (mg/L)
a
 of Ag, CuO, ZnO NPs and their 
corresponding salts for organisms (MIC for bacteria) [8]  
Species Ag NPs (Ag
+
)  CuO NPs (Cu
2+
) ZnO NPs (Zn
2+
) 
Crustaceans 0.01 (0.00085) 2.1 (0.024) 2.3 (1.3) 
Algae 0.36 (0.0076) 2.8 (0.07) 0.08 (0.09) 
Fish 1.36 (0.058) 100 (0.28) 3.0 (7.5) 
Mammalian cells 
in vitro 
11.3 (2) 25 (53) 43 (9.8) 
Yeast 7.90 (2.16) 17 (11.1) 121 (78) 
Protozoa 38 (1.5) 124 (0.43) 11.7 (7) 
Bacteria 7.10 (3.3) 200 (32) 500 (30) 
a
 L(E)C50 <1 mg/L: very toxic; 1–10 mg/L: toxic; 10–100 mg/L: harmful; >100 
mg/L: not classified [42]). 
As an example, TiO2 NPs can cause DNA damage and apoptosis in 
HepG2 cells even at very low concentrations [43,44].  The intravenously 
administered TiO2 NPs have been reported to be accumulated and retained 
over a month in liver and spleen [45]. ZnO NPs reduced the human A431 cells 
viability and altered their morphologies depending on the NP concentration 
and exposure time [46]. The cytotoxicity assessment of CuO NPs on human 
A549 cells revealed an enhanced NP internalization at an early exposure time 
at the mitochondrial level [47,48]. 
 While several studies have focused on the in vitro systems, in vivo studies 
are needed to address the issues raised by the complexity of cell-cell/cell-
matrix interactions. Dermal exposure of hairless mice to TiO2 NPs after 2 
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months showed a large distribution of the NPs in tissue and even in the brain, 
suggesting potential risks to human at long exposure [49]. The oral exposure 
of mice to ZnO NPs resulted in the bioaccumulation of the NPs in the liver, 
DNA damage mediated by ROS, and apoptosis [50].  In another study, 
neoplastic lesions were detected in male rats after instillation of CuO NPs in a 
carcinogenic bioassay [51]. 
Review papers by Johnston et al. [52], and very recently by Reidy et al. 
[53], were documented the in vitro and in vivo toxicity of Ag NPs. It was 
noted that cytotoxicity, genotoxicity, inflammatory responses, and oxidative 
stress, can originate from exposure to Ag NPs. The in vivo studies have shown 
that Ag NPs are primarily accumulated in the liver, and exhibit high 
biopersistence in the brain and testis [54]. Ag NPs can distribute in tissue, and 
the kinetics of distribution depends on the NP size [55]. Intravenously 
administered Ag NPs in rats indicated that they can accumulate in all organs 
regardless of the NP size. However, in this study, the NP content was 
determined by ICP-MS which was unable to distinguish between Ag
+
 and Ag 
NPs. In another study, small Ag NPs (6–20 nm TEM-measured particle size) 
were observed to internalize to human lung fibroblast and glioblastoma cells, 
and distributed in cytoplasm and nucleus [56]. 
1.2 Identification and characterization of NPs 
NP characterization relies on the NP nature, size, chemistry of the matrix, and 
basic principles of the technique used [57]. A number of techniques have 
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shown high limits of detection (LODs). As such, few analytical techniques are 
able to detect NPs at their environmentally relevant levels [58]. 
It should be pointed out that the composition and concentration of NPs in 
the environment are not the only indicatives of the ecotoxicity of NPs. Their 
size, number, morphology, and crystal structure are some of other important 
factors influencing the risk posed by NPs. Hence, a multimethod approach is 
needed to determine the properties and behavior of NPs in nature [59]. 
1.2.1 Microscopic techniques 
Due to low size LODs, electron microscopic techniques are extensively 
applied to the characterization of size, morphology, structure, and elemental 
analysis of nanocrystals using a beam of high-energy electrons [60]. Sample 
preparation for transmission electron microscopy (TEM) is labor-intensive and 
time-consuming, although it gives information about polydispersity relative to 
scanning EM (SEM). 
The elemental composition is obtained by energy-dispersive X-ray 
spectroscopy (EDS) which is combined with TEM and SEM. Selected area 
electron diffraction (SAED) is also used in the TEM imaging to determine the 
crystal structure of NPs [61]. Environmental/wet TEM and SEM have been 
recently utilized to visualize NPs under environmental conditions such as in 
aqueous samples by applying different pressure zones [61,62].  
Atomic force microscopy (AFM) is a robust technique that provides a 
number of information about size, morphology, roughness, and surface 
texture. The vertical resolution of the AFM instruments is typically less than 
14 
 
0.1 nm, and the X-Y resolution is about 1 nm. The technique enables 
visualization of NPs in various matrices such as in air and water media. It 
works based on the van der Waals (vdW) forces between NPs and AFM tips 
[63]. The vast applicability, detailed information provided for NP shape, and 
low-cost maintenance, are some features of the technique relative to electron 
microscopic techniques [64]. 
Scanning probe microscopic techniques have also been shown to be 
sensitive methods for size determination of NPs. Near-field scanning optical 
microscopy (NSOM) has a spatial resolution of 50-100 nm, and could be used 
to study the NP aggregation states [65]. Confocal laser scanning microscopy 
(CLSM) is capable of a resolution of up to 200 nm for fluorescent particles in 
complex matrices when combined with fluorescence correlation spectroscopy 
(FCS) [65]. 
1.2.2 Laser-based techniques 
The light scattering techniques, commonly laser-based techniques, have been 
shown to be very useful for size characterization of NPs in a suspension. 
Among them, dynamic light scattering (DLS) technique has been applied 
extensively in the NP aggregation study. Laser-induced breakdown detection 
(LIBD) has been proven to be a promising technique for determination of size 
distribution and concentration of various mono/polydisperse NPs [58]. The 
latter captures laser-induced plasma images through variation of incident laser 
beam intensity in the plasma, and records the number of breakdown events as 
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a function of area [66]. It was found to be more sensitive than DLS, although 
being time-consuming [63]. 
Scanning mobility particle sizer (SMPS) is a relatively faster technique 
for size determination using a differential mobility analyzer on the basis of 
electrophoretic mobility of particles [67]. 
Nanoparticle tracking analysis (NTA) as a real-time technique uses laser-
illuminated microscope that is combined with charge-coupled device (CCD) 
camera, and measures individual particle sizes based on their Brownian 
motion according to Stokes-Einstein equation.  Depending on the size and 
refractive index of particles, it can resolve particle size with the minimum size 
range of between 5 and 30 nm. The application of NTA for determination of 
size distribution and concentration of 30- and 60-nm Au NPs in environmental 
water samples were reported. However, the applicability of the technique is 
limited due to NP aggregation and polydispersity [68]. 
1.2.3 X-ray-based techniques 
X-ray based techniques including X-ray diffraction (XRD), X-ray 
fluorescence (XRF), X-ray photoelectron spectroscopy (XPS), and X-ray 
absorption can be used for the NP characterization. XRD is capable of 
measuring the NP size based on the width of the diffraction line [60]. XPS is 
conventionally utilized to determine the chemical structure of coating 
chemicals on the NP surface. X-ray scattering techniques such as small angle 
X-ray scattering (SAXS) and small angle neutron scattering are some of non-
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destructive techniques that determine NP size, crystal structure and 
compositions [17].  
1.2.4 Surface charge and area analysis 
The NP surface charge is an indicative of its dispersibility in a sample matrix. 
It is commonly determined as zeta potential, calculated from the 
electrophoretic mobility of NPs according to Smoluchowski’s equation [69]: 
ζ = ηU/ε        (Equation 1-1) 
where ζ is the zeta potential, η is the viscosity of the solution, ε is the 
dielectric constant of the solution, and U is the electrophoretic mobility. The 
zeta potential is altered by the variations of pH, ionic strength, and binding to 
macromolecules present in the sample matrix [70,71]. The point of zero 
charge (pHPZC) (also named as isoelectric point (IEP)) is a pH at which the 
surface charge is fully neutralized, and zeta potential reaches zero. IEP is 
determined by measuring zeta potential of NP at different pH levels in batch 
experiments or using titrators. The surface charge can also be measured by 
capillary electrophoresis (CE) based on the electrophoretic mobilities of the 
solution constituents [72]. 
Surface area or specific surface area (SSA: m
2
/g) (also known as porosity) 
is one of the most important characters of a particle that determines its 
reactivity and interactions with the environment. It could be calculated by 
measuring the volume of a monolayer of the gas phase (usually N2) adsorbed 
using multipoint sampling of a nanopowder sample according to Brunauer-
Emmett-Teller (BET) adsorption isotherm [73].  
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1.3 Separation of NPs in aqueous media 
The approach used to anticipate the NP behavior should apply sensitive 
techniques and environmental conditions that resemble the real environment. 
However, standard protocols for characterization of ENPs in real matrices 
such as water and soil are still very scarce [59,74]. The discrimination between 
ENPs and natural NPs is still challenging, and needs a proper separation 
approach [75]. The techniques currently used for the separation of NPs are 
shown in Table 1-4. 
1.3.1 Ultrafiltration and ultracentrifugation 
Ultrafiltration separates NPs on the basis of their sizes. It therefore enables 
fractionation, preconcentration, and purification of NPs. A hydrostatic force is 
driven onto a membrane to separate NPs (filtered) from the matrix (filtrate). 
The lowest molecular weight at which 90% of the solute is retained, is termed 
as molecular weight cut-off (MWCO) [76]. The membranes are identified with 
respect to MWCO and materials used. Various membranes such as cellulose 
acetate, regenerated cellulose, and polysulfone have been so far used for NP 
separation [77]. Sweeney et al. reported that membranes with MWCO of 10-
100 kDa can separate NPs with a diameter of between 1 and 5 nm [78]. 
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Table 1-4 Separation techniques available for nano- and submicron- sized 
particles [17 ,58] 
Technique Size range Complementary 
technique(s) 
Ultrafiltration  Down to MWCO <1 
kDa 
SEM, TEM, AFM 
Cross-flow ultrafiltration 1 – 1000 nm TEM, ICP-MS 
Ultracentrifugation 100 Da – 10 GDa TEM, EDS, XRF, ICP-
MS 
Dialysis 0.5 – 100 nm SEM, TEM 
Size exclusion 
chromatography 
0.5 – 100 nm ICP-OES, ICP-MS 
Liquid chromatography 3 – 1000 nm ICP-OES, ICP-MS 
Capillary electrophoresis 3 – 1000 nm ICP-OES, ICP-MS 
Field-flow fractionation 1 – 1000 nm ICP-OES, ICP-MS 
Hydrodynamic 
chromatography 
5 – 1200 nm ICP-OES, ICP-MS 
 
Ultracentrifugation is applied to separate NPs from the supernatant by 
sedimentation. The force and time used are the factors determining the 
efficiency of the ultracentrifugation. The more stable and the smaller particles 
dispersed in an aqueous medium, the higher force and longer centrifugation 
needed to remove NPs from the medium. The method is used for the 
preconcentration, purification, and determination of the sedimented phase 
(NPs), and determination of unbound (free) adsorbing chemicals (ligands) and 
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ions released (in dissolution study) in the supernatant (upper aqueous phase). 
One of the promising techniques that specifically separate NPs by size and the 
polarity surface coatings (hydrophilicity of NPs) is density-gradient 
ultracentrifugation. A mixture of solvents at different ratios are added and 
separated in the centrifuge tube based on their densities, and the NP 
suspension is then added on top prior to centrifugation. Since the 
sedimentation coefficient of particles differs in the solvents due to various 
densities, NP sizes and shapes, the NPs are separated at different regions at 
different speeds. Based on the TEM observations, the technique efficiently 
separated Au and Ag NPs with varying size and morphology [79]. 
1.3.2 Field-flow fractionation 
Field-flow fractionation (FFF) is a technique that benefits from the absence of 
a stationary phase. A solvent carries the sample solution in a thin flow 
channel. A number of force fields can be applied perpendicularly to the 
channel like liquid flow, gravity, temperature gradient, and centrifugal forces. 
Under such fields, smaller particles will be located in the faster flow of the 
channel, and thus are first eluted. The detectors used are commonly UV-
absorption, fluorescence, and ICP-MS, depending on the optical properties of 
NPs. Highly resolved peaks have been observed from 1 nm to 100 µm using 
this technique [58]. 
HDC is fundamentally considered as an FFF technique with a secondary 
force due to use of a narrow channel through which the particles flow. NPs are 
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separated on the basis of their hydrodynamic sizes. The techniques makes use 
of as same detectors as FFF, and is still under development [14,80]. 
1.3.3 Size exclusion chromatography 
Size exclusion chromatography (SEC) can separate particles smaller than 100 
nm, and is thus suitable for nano-sized materials. However, unspecific 
adsorption due to unwanted interaction of NPs with the porous packed column 
used, may block the column, reduce the performance, and result in poor 
resolution. It may be coupled with other techniques such as ICP-MS, DLS, 
voltammetry, and multi-angle laser light scattering (MALLS) for the size 
separation of e.g., Au NPs [81] and QDs [82]. 
1.3.4 Electrophoresis 
Water-dispersed and charged NPs may be separated due to the discrepancy in 
the electrophoretic mobilities in a capillary column by applying the electric 
field in the capillary electrophoresis. The surface-modifying agents and 
mobile-phase buffer are used to change the migration rates of NPs toward the 
electrode [83]. The application of electrophoretic techniques for 
nanoseparation has been reported in the literature [84–86]. These techniques 
could be combined with UV‒visible absorption, fluorescence spectroscopy, 
and laser induced fluorescence (LIF) detectors for detection of various NPs 
like Au, Ag, and QD NPs. However, the lack of sensitivity of the available 
detectors and use of home-assembled CE system with ICP-MS as a sensitive 
detector has limited its application.  As electrophoretic separation techniques, 
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gel electrophoresis, isoelectric focusing, and CE have been largely utilized for 
the fractionation of NPs. 
1.3.5 Two-phase separation 
1.3.5.1 Liquid-liquid extraction 
Extraction of hydrophilic NPs into water (also known as water-soluble NPs), 
and hydrophobic NPs into an organic solvent or a mixture of solvents, has 
been reported for the purification and size separation of synthetic NPs [87]. 
According to the partition coefficient and differential migration of NPs, they 
are distributed between immiscible solvents. The affinity of NP toward a 
solvent can be altered through its surface modification. However, dissolved 
species (ions) will remain in the aqueous phase [88]. NPs may also be retained 
at the interface of organic and aqueous phase, making their separation difficult 
[89]. 
There are several ligands that can be used for the surface-functionalization 
of NPs such as mercaptocarboxylic acids [90], alkanethiols [91], alkylamines 
[92], surfactants [93], and polymers [94]. Copper-based NPs were also 
extracted into room-temperature ionic liquids (RTILs) [95]. However, ionic 
species were co-extracted, and interfered with the separation [96]. RTILs with 
the aid of cationic surfactants were able to efficiently separate Au NPs form 
liver and river water samples [97].  
 The most common solvents applied to the single step, multiple steps, and 
step-wise size separation, are carbon tetrachloride, chloroform, hexane, 
toluene, and their mixtures at different ratios [98–100]. Sequential size 
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separation precipitation (SSSP) is also achievable through changing the 
volume ratio of water to solvent, such that very recently reported for SSSP of 
penicillamine-functionalized Au NPs with mixtures of water and acetone 
[101]. 
 An additional molecular layer can adsorb onto/interact with the currently 
adsorbed ligand, and form a bilayer that tune the hydrophilicity of NPs. This 
may lead to phase transfer to water [102] or phase transfer to organic solvents 
[103]. The surface modification of adsorbed bi/multifunctional carboxylic acid 
and mercaptocarboxylic acid with amine groups and vice versa has been 
shown to increase the hydrophobicity of NPs as a result of amide or acid-base 
pair formation [103,104]. Methanol and ethanol are also added as mediator 
solvents that can increase dispersibility of the reagents added. They would 
enhance the phase transfer, and avoid the retention of NPs at the interfacial 
layer [105,106]. 
 Amphiphiles comprising both hydrophilic (charged terminal groups) and 
hydrophobic (one or more aliphatic chains) parts could be added to the 
mixture as phase-transfer agents. Cationic surfactants (e.g., cetyl 
trimethylammonium bromide (CTAB)), as quaternary ammonium salts, can 
act as phase-transfer agents [107]. Such ammonium salts can be dissolved in 
organic phase and electrostatically adsorb onto the negatively charged NPs, 
commonly coated by citrate, mercaptocarboxylates, sulfonates, and 
phosphines.  
 A successful phase transfer of Ag NPs surface-modified by 
mercaptoundecanoic acid (MUA), using 1:1 v/v of toluene:hexane and 1 mM 
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tetra-n-octylammonium bromide (TOAB) as phase-transfer agent after 20 min, 
was shown by using UV‒visible spectroscopy (surface plasmon resonance 
(SPR) spectroscopy) [99]. The functional groups on the Ag NP surface were 
identified by infrared (IR) spectroscopy. It was found that with the aid of low 
concentration of TOAB, small-sized NPs were transferred into toluene, while 
chloroform and carbon tetrachloride extracted large-sized NPs [91]. 
In spite of such efforts for purification and size separation of NPs, no 
analytical method for quantitative transfer of NPs, in particular at low 
concentrations, was developed. The volume of solvents used was in milliliter 
range. The approach is not thus considered as microextraction. 
1.3.5.2 Cloud point extraction 
Cloud point extraction (CPE) (also known as surfactant-mediated phase 
separation), was first described by Watanabe et al. [108,109]. Since then, it 
was largely applied to the microextraction and determination of organic [110] 
and inorganic [111] contaminants in different real matrices. The technique 
makes use of non-ionic surfactants, usually Triton X-114 (TX-114), which is 
cheap, non-toxic, and commercially available, and has low cloud point 
temperature (CPT) and critical micelle concentration (CMC). The compound 
contains polyoxyethylene group (repeat unit = 7–8). The structure and 
properties of two common non-ionic surfactants (Triton X-100 (TX-100) and 
TX-114) are shown in Table 1-5.  
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Table 1-5 Chemical structures and properties of two common nonionic 
surfactants 
  
Triton X-114 Triton X-100 
Mw: 537 g/mol 
n = 7–8 
Cloud point: 23 
°
C  
CMC: 0.24 mM  
Hydrophilic-lipophilic balance 
(HLB): 12.4 
Mw: 625 g/mol 
n = 9–10   
Cloud point: 65 
°
C 




The extraction is based on the solubilization ability of the surfactant at 
different temperatures. At a concentration above CMC, and a temperature 
above CPT, due to dehydration and change in conformation of oxyethylene 
headgroups, the solubility of the surfactant decreases, the solution turn to 
cloudy state, and hydrophobic properties are enhanced. The number of 
surfactants in micelles (agglomeration number) also increases, leading to 
micellar growth. Hence, the micelles settle, and reverse micelles can be 
formed as a result of enrichment of the surfactant in the lower phase. 
Hydrophobic species such as organic compounds, ions coordinated with 
hydrophobic ligands, and NPs, can interact with the micelles, be surrounded 
by the micelles, and settle in the lower phase [112,113]. Low-rate 
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centrifugation can help micelles settle faster, and nearly completely separate 
them from the aqueous phase. The surfactant molecules at a concentration well 
below CMC will remain in the upper aqueous phase and form surfactant-poor 
phase. The analyte can be successfully extracted into the lower surfactant-rich 
phase under optimum CPE conditions such as TX-114 concentration, pH, 
ionic strength, and incubation conditions. CPE has advantages of high 
efficiency and preconcentration factor, low-cost, simplicity, rapidness, and 
being environmentally friendly.  
CPE was first empolyed by Liu et al. [114] for the thermoreversible 
extraction and recycling of different NPs such as Au, TiO2, multiwall carbon 
nanotube (MWCNT), fullerene (C60), and Fe3O4 NPs. By lowering the 
temperature to below the CPT, NPs were redispersed in the aqueous phase, 
and extracted repeatedly into the surfactant upon increasing of the temperature 
to above the CPT. The extracted phase was stored for two months without 
significant change in the sizes and morphologies of NPs, as confirmed by 
TEM imaging. This group extended the CPE approach to quantitative and 
species-selective extraction of trace Ag NPs in environmental waters [115], 
antibacterial products [116], and human HepG2 cell lysates [117]. Ag NPs 
coated with citrate, poly(vinylpyrrolidone) (PVP), and humic acid, were 
extracted with high extraction efficiencies, mineralized using microwave 
(MW) digestion, and determined with ICP-MS. Hartmann et al. reported the 
application of electrothermal atomic absorption spectrometry (ET-AAS) for 
the direct measurement of the extracted phase involving Au [118] and Ag 
[119] NPs. They omitted the microwave digestion and dilution (of the TX-
114-rich phase) steps needed prior to ICP-MS analysis, and achieved very low 
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LOD for these NPs in real water samples. Figure 1-2 shows the mechanism of 
the CPE of ZnO NPs using TX-114, and the methods of characterization 
[120]. 
 
Figure 1-2 Mechanism of cloud point extraction of ZnO NPs and their 
characterization (Reproduced form [120] with the permission of the authors). 
1.4 Quantification of NPs 
Sampling and sample preparation are very critical steps for the quantification 
and behavior characterization of NPs in environmental samples. Several 
researchers have attempted to address the issues relating to these steps [121]. 
In spite of such efforts, there is still no standard protocol/methodology for 
sampling, sample handling and storage, and preparation of samples involving 
NPs. During these steps, the native states of aggregation and dispersion of NPs 
may be altered, and co-occurrence of natural (nanosized-)particles and organic 
matter may add to the complexity of the sampling method. The surface 
adsorption of NPs on the sample bottle as a result of opposite charge attraction 
and/or hydrophilic/hydrophobic interactions may deplete the NPs in the 
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solution. The alteration may also occur during separation and quantification 
steps, thereby affecting the results. 
1.4.1 Elemental analysis 
The total elemental content of NPs is determined by instrumental analytical 
techniques such as ICP-OES, ICP-MS, and atomic absorption spectrometry 
(AAS). AAS, however, exhibits a narrower linear range, compared to the other 
two techniques. Although the results of direct introduction of NPs into the 
instrument (ICP or graphite furnace AAS (GF-AAS)) with those after 
digestion may not be significantly different [122], NPs may block the sample 
introduction compartment and spray chamber [123]. Hence, acid/microwave 
digestion is needed prior to analysis [124]. Such destructive procedures 
prevent the discrimination among ions and NPs.  
1.4.1.1 Inductively coupled plasma-mass spectrometry 
The elemental analytical techniques have been coupled with separation 
techniques such as FFF (asymmetric flow FFF (A4F) and sedimentation FFF) 
[13,125–127] and HDC [12,14]. The hyphenation of these techniques has 
found several applications in complex matrices. Tiede et al. combined HDC 
with ICP-MS to detect and characterize trace levels of Ag NPs in the 
wastewater sludge [128]. The application of A4F-ICP-MS for the size 
separation and quantification of these NPs in food and soil samples was also 
reported [129]. However, the techniques are instrument-intensive with high 
maintenance. So far, the combined techniques have been applied to pristine 
NPs with the assumption that agglomeration, coating, and transformation of 
28 
 
NPs, are less likely to occur in the sample matrix. In addition, expensive size-
standard reference nanomaterials are needed for size characterization of the 
detected NPs. Another critical aspect is sample handling and preparation that 
may cause undesirable alteration of NP native state [121]. While FFF has an 
advantage to use no stationary phase for size separation, the interaction 
between NP and column in HDC would retain NPs, and result in poor size 
resolution [130].  
 High performance liquid chromatography (HPLC) has been shown to be a 
promising approach to separate organic NPs such as fullerene (C60) [131]. 
HPLC in combination with ICP-MS may be extended to the separation and 
analysis of metallic NPs, and therefore, it needs more investigation. The 
interaction of the NP with stationary phase such as C18 and its retaining is, 
however, an open question that limits its application to environmental samples 
containing trace levels of NPs. Electrophoretic techniques may also be 
coupled to ICP-MS for size separation of the charged NPs and sensitive 
detection, although the method shows poor size resolution [123]. Very 
recently, Kapellios and Pergantis introduced ion mobility spectrometry (IMS) 
[132], and Elzey and co-workers developed differential mobility analysis 
(DMA) [133], both combined with ICP-MS, for size separation and elemental 
analysis of gold (Au) NPs. They used nanoelectrospray (nES) with condensed 
particle counting (CPC) detection for the collection of NPs. The technique was 
used for the detection and analysis of various sizes of Au NPs. A controversial 
issue is the reliability of the determination of NP number concentration, which 
is related to the efficiency of nES and CPC, and therefore, extensive 
experimentation is needed. 
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Recently, SP-ICP-MS has been developed as a robust technique for size 
discrimination and quantification of NP count in the plasma [15,16,134]. The 
technique is based on the introduction of discrete flow of very dilute 
suspension of NPs to plasma torch where every single particle produces a flash 
of ions. The frequency of the pulse exhibited as a log-normal distribution, is 
thus related to the number of atoms included in the particle. Hence, the smaller 
the particles ionized in the plasma, the lower number of atoms and intensity 
[122]. Laborda et al. reported the species-selective detection of trace levels of 
Ag NPs in the presence of Ag
+
, since the latter showed a Poisson distribution 
of constant pulse intensities [135]. The method has shown very low LOD in 
the range of (sub)nanogram per liter  that makes it suitable for the analysis of 
the environmental levels of NPs. However, like HDC and FFF, the technique 
needs expensive size-standard reference NPs for size determination and very 
dilute standard suspensions for calibration. 
Mitrano et al. combined SP-ICP-MS with A4F for fast, sensitive and 
species-selective detection of size and concentration of Ag NPs [136]. 
Pergantis et al. applied HDC combined online with SP-ICP-MS for size 
discrimination and quantification of Au NPs within the size range of between 
5 nm and 300 nm [14]. Despite such efforts, the method still suffers from the 
size limitation, and NPs with the size <20 nm poorly resolved. The application 
of SP-ICP-MS could be limited to pristine and generally, mono-disperse NPs 
that do not undergo transformation, coating, and agglomeration. In addition, 
ICP-MS instrument with sector-filed or quadruple MS detectors fails to 
simultaneously determine multi-elements at high data rate of SP mode [130].  
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As discussed earlier, the efficacy of SP-ICP-MS relies on the reproducible 
introduction of a single particle and complete ionization of the particle in the 
plasma. Homo-aggregated (with other NPs) and hetero-aggregated (with 
natural particles) NPs which most likely occur in real matrices reduce the 
resolution and therefore, the accuracy of the results. Furthermore, some 
refractory metal/metal oxide NPs such as silica (SiO2) and TiO2 are partially 
ionized in the plasma, leading to a reduction of the pulse intensity [130]. The 
sample handling and storage [121], as well as preparation of very dilute 
standard suspensions and extensive instrument optimization needed for sample 
introduction and ionization [137], are some of major challenging issues. The 
artifacts introduced to NPs due to sample matrix effects would result in 
changing of primary properties of NPs, and may not be easily characterized by 
SP-ICP-MS. NP number and mass concentrations can be calculated from one 
another based on the size (volume) and density of the NPs of study by using 
the size separation techniques directly combined with ICP-MS such as A4F- 
and HDC-ICP-MS. The number concentration is commonly reported for the 
SP-ICP-MS since the technique works based on the introduction of single 
particles to the plasma, and it can be calibrated for various known (reference) 
NP size and number concentrations. 
Stable isotope tracing is another technique that uses ICP-MS for detection 





as a stable isotope of ZnO NP which remained stable in the 
environment, and did not convert into the isotope of high abundance present as 
the NP [138]. The stable isotope is commercially available as a precursor for 










that are ubiquitous in water and tissue, would not interfere 
with the detection of these isotopic NPs. So far, the isotopically modified NPs 




CuO [139], and 
109
Ag [140], have been 
applied as tracers for bioaccumulation and toxicity studies. The isotope ratio is 
easily determined by ICP-MS at different mass-to-charge (m/z) ratio. 
Nevertheless, there are some drawbacks that limit the application of stable 
isotopes. The precursors are very expensive due to the low abundance of the 
isotope constituent and costly purification, and the preparation of these 
modified NPs is labor-intensive and time-consuming. In addition, isobaric and 
polyatomic interferences (components with identical m/z) may coexist in the 
sample matrix if further sample preparation is not carried out on the real 
samples. 
As reviewed above, the current quantification techniques have recently 
been employed for the measurement of the NPs in environmental matrices; 
however, since the NPs may undergo transformation, aggregation, and 
dissolution, and also the matrix components can interfere with the detection, 
there is still lack of the precise quantification of these materials in such 
complex media. Therefore, a proper sample preparation and enrichment is 
needed to minimize matrix interferences and to detect NPs in their native 
states. 
1.4.1.2 Atomic absorption spectrometry 
Atomic absorption spectrometry (AAS) is an alternative to ICP-MS, exhibiting 
high selectivity and accuracy, and good sensitivity with low maintenance and 
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cost, although it can only measure a single element with a narrow linear range. 
In particular, the typical LOD for GF-AAS is significantly lower LOD than 
that of flame AAS (FAAS). Complex matrices rather than solution, such as 
slurry, sludge, tissue, and even solid sample may be directly injected to the 
graphite tube atomizer to be efficiently decomposed to produce metal atoms. 
However, samples need a complete chemical digestion (mineralization) prior 
to introduction to FAAS, because of low flame temperature. Thus far, GF-
AAS has been employed for in vivo toxicity assessment of NPs due to its 
capability to directly analyze NPs in tissue [141]. Unlike the ICP-MS, AAS 
has scarcely been coupled with NP size separation techniques such as FFF and 
HDC [13,142]. Nonetheless, GF-AAS is a promising technique for fast and 
ultra-sensitive detection of NPs, especially sparingly soluble NPs like Ag and 
Au NPs after separation and enrichment from environmental matrices. It 
enables direct determination of the enriched NPs without further laborious and 
in some cases, hazardous chemical digestion, and dilution of the extracted 
sample. 
1.4.2 Electroanalytical methods 
Ion selective electrodes (ISEs) are used to specifically measure respective ions 
of NPs such as of Ag in water [115] and soil [143], and Cu-based NPs in 
ecotoxicological matrices [144]. The total metal content can subsequently be 
determined after digestion of samples. However, the particles detected may 
not be necessarily in the nanosized forms. The LOD and sensitivity of ISEs 
may not be satisfactory for environmental levels of ions and NPs. 
Furthermore, the ISEs have so far been fabricated/commercialized for few 
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ions and NPs. The release of Ag
+
 from Ag NPs was also assessed using 
fluorous-phase ISE [145]. Modified electrodes were also fabricated for the 
speciation analysis of NPs. Benzothiazole calyx[4]arene was synthesized, and 
incorporated into the electrode to enhance the selectivity to Ag
+
 and to 
decrease the response time. Ag NPs were then determined after oxidation by 
H2O2 in an acidic solution [146].  
Adsorptive stripping voltammetry and cyclic voltammetry have also been 
used for the solubility measurement of TiO2 [147] and determination of CuO 
NPs [148], respectively. The latter technique directly measured the mass of 
CuO NPs in an extremely alkaline solution through drop-casting of its 
suspension on a glassy carbon electrode. Anodic stripping voltammetry was 
employed for the quantification of Au NPs [149]. Very recently, Ag NPs were 
reported to be detected and size-characterized by anodic particle coulometry in 
seawater samples [150]. They were quantitatively oxidized to Ag
+
 upon 
collision with a potentiostatted electrode, leading to a faradic charge transfer. 
The respective ions of metal oxide NPs such as ZnO and CuO NPs were also 
quantified by a biosensor (in the presence of Au NPs) [151] and Cu-bacterial 
biosensor [144], respectively. The methods described have not been well 
developed for environmental matrices and detection of trace levels of NPs 
occurring in the environment.  
1.4.3 Spectroscopic methods 
Noble-metal NPs (NMNPs) such as Au and Ag exhibit enhanced SPR 
properties which are related to the NP size, concentration, and surface coating. 
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As such, UV‒visible spectroscopy could be used for determination of NP size 
and concentration, and be coupled with size separation techniques. The kinetic 
spectrophotometry was applied for the quantification of Ag NPs in 
groundwater samples [152]. The SPR spectroscopy was also employed for the 
fast analysis of Au NPs in the liver and river water samples after extraction of 
NPs using cationic surfactants and RTILs [97]. However, the technique itself 
has low sensitivity, and the analysis may largely be disturbed by the sample 
matrix, if appropriate sample preparation is not carried out prior to the 
measurement.  
Fluorescence spectroscopy has been extensively applied for the detection 
of QDs [153]. Fluorogenic and chromogenic probes were employed for 
species-selective determination of Ag
+
 in the presence of Ag NPs. Ag
+
 
induced transformation of rhodamine derivative to oxazoline, turning the 
colorless solution to pink which showed orange fluorescence. The intensity 
was directly proportional to Ag concentration. Ag NPs were then oxidized to 
Ag
+
, and subsequently determined [154]. Lin and Tseng [155] used an 
oligonucleotide (containing 20 repeats of cytosine) sensor to detect Ag
+
. The 
oligonucleotide underwent conformation from random coil to a heparin 
structure as a result of complexation of cytosine with Ag
+
, leading to 
fluorescence amplification. The method was found to be highly element-
specific. Ag NPs were then oxidized using H2O2 under acidic conditions, and 
measured similarly.  Very recently, Ag
+
 was detected on the basis of 
controlled self-assembly of a perylene fluorescence probe [156].  The 
investigation of such the specific (bio)sensors is ongoing.  
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The internalization of NPs to cell was quantified through fluorescein 
isothiocyanate (FITC) labeling of SiO2 NPs. FITC adsorbed onto the NP 
surface emitted fluorescence, making the NPs detectable and traceable in the 
cell [157]. The fluorescence spectroscopy was also employed as an online 
detector for flow FFF (FlFFF) of various NPs [127]. It was also combined 
with CE for the separation and characterization of cadmium/selenium (CdSe) 
QDs [153]. The technique is, however, limited to the QDs and few NPs with 
affinity toward fluorogenic compounds. Fluorescence quenching or amplifying 
can result in negative and positive errors, respectively, and are likely to occur 
in environmental samples caused by other matrix components.   
1.5 Objectives and scope of the study 
As reviewed earlier, elemental analytical techniques are destructive methods 
that give the total elemental content. As such, they are not able to distinguish 
between NP and its corresponding ion. Furthermore, size-separation 
techniques introduced so far are not suitable for detection of NPs that undergo 
transformation. The results of such techniques may not be reliable for NPs 
behaving distinctly differently in the environment. There still remain several 
uncertainties to accurately analyze trace levels of NPs occurring in aqueous 
media. 
 With the aid of the combination of size-separation techniques with 
ICP-MS, various sizes and levels of NPs could be identified and 
determined, but at the cost of more time and effort. Most of the 
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underdeveloped methods deal with laboratory-prepared samples 
rather than genuine samples.  
 The (combined) effects of water chemistry, natural particles, and 
corresponding ionic species are not clearly examined. The 
interferences posed by such environmental conditions may impact 
the performance of the instrument, and thus reduce the accuracy of 
the results. 
 In addition to artifacts introduced to NPs in real matrices, the 
original properties of NPs would be altered during separation due to 
interfacial interactions that presumably occur in a separating 
substrate.  
 The time- and cost-effectiveness of the proposed techniques are 
some other challenging issues that necessitate the development of a 
robust analytical protocol. 
The current study reported development of the alternative separation 
procedures for the extraction and preconcentration of the most widely used 
and toxic NPs, Ag, CuO, TiO2, and ZnO NPs, in environmental waters. The 
behavior and fate of NPs were also investigated either in water or during 
sample extraction and treatment. The main objectives of the study were to: 
 develop a fast, cheap, simple, species-selective, and 
environmentally-benign extraction-based analytical technique 
mediated by a non-ionic surfactant/solvent that separates and 
enriches NPs in aquatic environments. 
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 examine combined effects of influential factors by defining 
combinatorial systems. 
 discriminate among NPs and non-nanosized species such as ions 
and (sub)micron sized particles through specific hydrophobic 
interactions with NPs. 
 minimize the effects of water chemistry of the sample matrix on the 
extraction efficiency and accuracy of the results, by suitable pre-
treatment methods. 
 determine the native states of NPs through characterization of the 
NP behavior before, during, and after extraction. 
 evaluate the protocols for sample pre-treatment, coating with 
chemicals, and treatment prior to instrumental analysis. 
The current approach is expected to detect trace levels of NPs that are 
present in real waters as a result of the release and weathering processes. It 
may be extended to other metal and non-metal NPs.  The results of this study 
may be useful for assessing the exposure risks posed by these materials to 
aquatic organisms. This approach would provide necessary information about: 
 shapes, sizes, morphologies, and aggregation states of NPs through 
visualization of the enriched NPs in the surfactant/solvent 
 experimental conditions that cause minimal changes in the original 
properties of the extracted NPs 
 behavior and fate of NPs under environmentally-realistic conditions 
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The present work is involved with the development of a trace analytical 
approach for the preconcentration and quantification of NPs in aqueous 
systems. As such, the analytical procedures described here would address the 
issues related to the extraction, treatment, and determination of low levels of 
NPs in water samples. The detailed mechanisms of the NP interactions with 
surfactant/solvent, and mechanistic aspects of particle, are beyond the scope of 
this study. It is realized that such interactions and physics of the particle would 
influence the extraction efficiency. However, the approach is based on the 
visual characterization and determination of NPs under controlled conditions 
with the emphasis of their behavior and fate. Thus, one would expect that the 
impacts of such mechanisms are observed. Furthermore, the technique is 
applied to aqueous samples, because of high environmental occurrence of 






Chapter 2 Evaluation of a cloud point extraction for quantification of 
trace levels of copper(II) oxide nanoparticles in water  
2.1 Introduction 
NMs exhibit enhanced solubility, mobility, bioavailability, and toxicity to 
organisms, compared to the bulk materials [158]. Among NMs, CuO NPs pose 
higher exposure risks to various organisms such as Escherichia coli [159], 
microalgae [160], and crustacean [161] species, compared to some other metal 
oxide NPs. The EC50 of CuO NPs (sub to several milligrams per liter) has 
been reported to be tens order of magnitude higher than their bulk, indicating 
enhanced exposure risks posed by these materials [160,161]. It further 
exhibited significantly higher cytoxicity to A549 human lung epithelial cells, 
compared to other metal oxide NPs such as ZnO, TiO2, SiO2, and iron(III) 
oxide [47,162].  
The solubility and bioavailability of CuO NPs are size-, shape-, and 
concentration-dependent, and are higher than their bulk, most likely due to 
theirs smaller size and/or enhanced release of Cu
2+
 [139,161,163,164]. While 
the large production and application of CuO NPs might lead to their high 
environmental occurrence as emerging contaminants, detection and 
determination of these NMs have not been very widely reported. Very 
recently, CuO NPs were determined in laboratory-prepared samples by cyclic 
voltammetry under alkaline conditions, on account of their electrochemical 
behavior [148]. However, the applicability of the method for the quantification 
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of these materials in complex matrices and speciation analysis was not 
reported. Furthermore, isotopically labelled 
65
CuO NPs (sphere and rod 





as a tracer for toxicity assessment [139]. Labile Cu was also 
measured by diffusive gradient in thin film for mesocosm (an experimental 
system with simulated real-life conditions) toxicological studies. The 
technique could differentiate between CuO NPs and Cu
2+
 [164].   
CPE was first employed by Liu et al. [114] for thermo-reversible 
separation and recycling of various NMs using TX-114 as a non-ionic 
surfactant. It was then developed for the species-selective extraction of Ag 
NPs in environmental waters [115], antibacterial products [116], and very 
recently, HepG2 human hepatoma cell lysates [117]. The removal of 2 mg L
-1
 
CuO NPs from wastewater samples using CPE was also investigated [165]. 
The study reported the capability of CPE to remove >85% of these NPs in the 
water column. The work was mainly focused on the bulk removal of CuO NPs 
as a water remediation, not trace, analytical exercise. In other words, the 
analytical aspects were not described and evaluated, and the approach did not 
involve the measurement of trace levels of CuO NPs in wastewater and other 
environmental waters. In that short communication, the interferences posed by 
water chemistry, were not examined, and more importantly, the artifacts 
introduced into the NPs during extraction such as aggregation in the presence 
of up to 1% w v
-1





Recently, chemometrics was used to optimize CPE conditions of ZnO 
NPs [120]. The application of GF-AAS for direct analysis of the enriched Au 
and Ag NPs in the TX-114-rich phase was also demonstrated [118,119]. In 
these studies, CPE was shown to be a sensitive and species-selective technique 
in which the extraction efficiency (defined as the ratio of the number of the 
final moles of NPs in the surfactant-rich phase to the initial moles of NPs in 
the aqueous phase (nf/ni)) is not markedly influenced by size and concentration 
of NPs, and the native states of the NPs such as size and shape are preserved 
over prolonged storage in the surfactant-rich phase [115,118,120]. Hartmann 
and Schuster [118] reported that the CPE was a promising approach for the 
efficient extraction of Au NPs in the primary size range of 2–80 nm; although 
the CPE efficiency declined substantially for the non-nanosized particles (ca. 
150 nm). To ensure the robustness of this approach, the behavior of NPs as 
well as the effects of environmental interferences should be determined and 
controlled during the extraction.  
In this chapter, the robustness of CPE as an analytical method for the 
separation and preconcentration of CuO NPs in aqueous samples is evaluated. 
CuO NP hydrodynamic size, solubility, surface adsorption of NOM and Cu
2+
, 
and surface-functionalization with different ligands, are assessed under 
stepwise CPE optimization prior to the analysis of the NPs by ICP-MS or GF-
AAS. The loss of the NPs due to dissolution and interferences of NOM, Cu
2+
, 
and coating chemicals, are minimized to achieve the most favorable sample 
pre-treatment and CPE conditions for species-selective analysis of trace CuO 
NPs in environmental water samples. Therefore, the objectives of this study 
are to: (1) investigate the behavior of CuO NPs and TX-114 micelles under 
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CPE conditions, and their effects on the CPE efficiency; (2) minimize the 
interferences posed by the real water sample matrix with CPE; (3) develop 
fast, sensitive, and reliable analytical techniques for treatment and 
quantification of trace levels of these NPs after CPE. The effects of primary 
properties of NPs such as NP size on the CPE efficiency were studied and 
reported elsewhere [115,118,120]. 
2.2 Materials and methods 
2.2.1 Chemicals  
CuO nanopowder (mean diameter = 28 nm; see Table 2-1 for properties), Cu 
nanopowder (mean diameter = 36 nm), TX-114, humic acid (sodium salt, 
dissolved organic carbon (DOC) ~39% w w
-1
), ethylenediaminetetraacetic 
acid (EDTA, tetrasodium salt), polyvinylpyrrolidone (PVP10, weight-average 
molecular weight (Mw): 10,000 g mol
-1
), and poly(ethylene glycol) (PEG 
10000, Mw: 10,000 g mol
-1
) were purchased from Sigma-Aldrich (St. Louis, 
MO, USA). Citric acid (ACS, ≥99.5% purity) was obtained from Fluka (St. 
Gallen, Switzerland), and ultrapure nitric acid (HNO3, 65% w v
-1
), 
hydrochloric acid (HCl, 37% w v
-1
), and aqueous copper standard solution 
(1000 mg L
-1
), were supplied by Merck (Darmstadt, Germany). Analytical-
reagent grade sodium chloride (NaCl) and sodium hydroxide (NaOH) were 
bought from Goodrich Chemical Enterprise (Brecksville, OH, USA), and 
hydrogen peroxide (H2O2, 30 – 35% w v
-1
) was obtained from Kanto (Tokyo, 
Japan). Humic acid solution (1 g L
-1
) was stirred at pH 9.0 overnight; then 
filtered through a 0.45-µm cellulose acetate membrane filter (Whatman, 
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Sanford, ME, USA) prior to use as NOM surrogate. The DOC concentration 
was then determined by a total organic carbon (TOC) analyzer. All the other 
chemicals were used without further purification. Ultrapure water (18.2 MΩ) 
was generated by a PURELAB Option-Q water purification system (ELGA 
LabWater, Marlow, UK).  





Vendor reported size (nm) 30 
TEM particle size (nm) 28 ± 9 
Hydrodynamic diameter (nm) 223 ± 21 




) 34 ± 10 




) 26 ± 3 
Isoelectric point (IEP, see Figure 2-3a) 8.7 
Zeta potential (mV) in ultrapure water  (pH = 6.3) +24 ± 4 
Purity by TGA (wt. %) 98.24 
Moisture content by TGA (wt. %) 0.83 
 
Stock suspensions of CuO NPs (10 mg L
-1
) were prepared by dispersing 
commercial CuO NPs in an ultrasonic bath (Soniclean 160 HT, Thebarton, 
SA, Australia) under sonication at 0.27 kW of power for 15 min.
 
The pH was 
set to 10.0 to minimize the dissolution of CuO NPs. The exact concentration 
of the NPs in the stock suspension was determined as follows: the suspension 
was ultracentrifuged at 22,000 rpm for 30 min [116], and the sedimented 
phase was subjected to MW digestion (as described below), and analyzed by 
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ICP-MS. The stock suspension was prepared daily. Working suspensions of 
100 µg L
-1
 CuO NPs were then prepared from the stock suspension. 
Borosilicate glass vessels were used throughout to avoid adsorption of the NPs 
on the vessel wall. Water samples were collected from two local rivers (river 
water I (pH = 7.4, DOC = 2.8 mg C L
-1
) and river water II (pH = 7.6, DOC = 
3.6 mg C L
-1
) and a sewage treatment plant (STP) (STP effluent (pH = 7.5, 
DOC = 5.7 mg C L
-1
) in Singapore. Samples were stored at 4 
°
C in the dark 
before use. 
2.2.2 Cloud point extraction 
All working suspensions were first sonicated for 15 min to enhance the 
dispersion of CuO NPs. The suspension (7 mL) was added to a 12-mL conical-
bottom glass centrifuge tube, and its pH was adjusted by dilute HCl or NaOH. 
Aliquots of 5% (w v
-1
) TX-114 were added, and the ionic strength was 
adjusted with 0.2 M NaCl to 10 mM [115,120], and the mixture was diluted to 
10 mL with ultrapure water. It was then incubated in a water bath, and 
centrifuged at 3,000 rpm at room temperature (24 ± 1 
º
C) for 10 min to 
facilitate phase separation. The lower surfactant-rich phase (~35–430 μL) was 
collected for subsequent characterization and determination. 
2.2.3 Microwave digestion and elemental analysis 
The TX-114-rich phase (~35–430 μL) was collected, and digested with a 
procedure adapted from US EPA method 3052 [166]. Briefly, 2 mL HNO3 
(65% w v
-1
) and 1 mL H2O2 (30 – 35% w v
-1
) were added to the extracted 
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sample, and the mixture was subjected to an ETHOS advanced microwave 
workstation digestion system (Milestone, Sorisole, Italy). It was irradiated at 
120 
°
C (800 W) for 10 min, followed by 180 
°
C (1000 W) for 15 min. The 
digested sample was then diluted with water to 25 mL, and stored at 4 
°
C in 
the dark prior to analysis. The recovery of a known suspension of CuO NPs 
was found to be over 93%. The solution was then analyzed by ICP-MS (Sciex 
ELAN 9000, Perkin-Elmer, Wellesley, MA, USA). The sedimented phases of 
the stock suspension and coated CuO NPs were MW digested and analyzed 
using the same procedure. 
In another experiment, samples containing 20 µg L
-1
 CuO NPs were 
extracted into the surfactant-rich phase at different TX-114 levels. The rich 
phase was diluted to 25 mL with ultrapure water, and 20 µL of the diluted 
solution was introduced to GF-AAS (PinAAcle 900T, Perkin-Elmer, Shelton, 
CT, USA) equipped with a standard transversely-heated graphite tube 
atomizer (THGA) and Zeeman-effect background correction system, using an 
AS 900 autosampler. The hollow-cathode lamp of Cu was operated at 15 mA, 
and the slit width was 0.7 nm. The signal intensity for Cu was calculated by 
the integration of the absorbance at the wavelength of 324.7 nm. The results 
were compared with ICP-MS analyses after MW digestion. A similar 
digestion was carried out on the samples containing humic acid and EDTA to 
eliminate the interferences posed by these ligand molecules in the ICP-MS 
analysis [167]. The operating conditions of the instruments are shown in 
Tables 2-2 and 2-3. 
To determine the Cu content of the TX-114-rich phase, calibration was 
carried out using a series of copper standard solutions [115,116] that were 
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identically prepared as the samples to account for the effects of the surfactant 
and digestion matrices. The MW digestion step was skipped for the calibration 
of the GF-AAS instrument. To calculate the relative recovery, the standard 
addition approach was applied by spiking genuine water samples with CuO 
NP suspensions of known concentrations and conducting the CPE [117]. The 
TX-114-rich phase was then MW digested, and analyzed by ICP-MS. 
Table 2-2 Operating conditions of ICP-MS 
Nebulizer Cross flow 
Spray chamber Scott type, 
Ryton
TM 
Peristaltic pump speed (rpm) 26  
Sample uptake rate (mL min
-1
) 1 
Nebulizer gas flow rate (L min
-1
) 0.9 
RF power (W) 1000 
Plasma gas flow rate (L min
-1
) 15 
Auxiliary gas flow rate (L min
-1
)  1 
Detector  Dual 
Sweeps/reading 3 
Replicates 3 









C) Ramp time (s) Hold time 
(s) 
Drying 1 110 10 20 
Drying 2 130 10 20 
Pyrolysis 1200 20 20 
Atomization 2000  0 5 
Cleaning 2450 1 5 
a 
Purge gas (argon) flow rate was set to 250 mL min
-1
 in all steps except for 
atomization (zero flow rate). 
To determine the Cu content of the TX-114-rich phase, calibration was 
carried out using a series of copper standard solutions [115,116] that were 
identically prepared as the samples to account for the effects of the surfactant 
and digestion matrices. The MW digestion step was skipped for the calibration 
of the GF-AAS instrument. To calculate the relative recovery, standard 
addition approach was applied by spiking genuine water samples with CuO 
NP suspensions of known concentrations and conducting the CPE [117]. The 
TX-114-rich phase was then MW digested, and analyzed by ICP-MS. 
2.2.4 Dissolution and adsorption experiments 
The dissolution experiments were conducted under simulated CPE conditions. 
The time needed from preparation of working suspension to collection of 
lower surfactant-rich phase, was estimated as the total time for the kinetics of 
dissolution. This was ~2 h for 60 min of incubation, for example. The 
dissolved portion was first separated by filtering the sample through a 0.1-µm 
syringe filter (Whatman, Maidstone, Kent, UK), followed by 
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ultracentrifugation. The supernatant was imaged using TEM to ensure the 
absence of NPs. It was MW digested and analyzed by ICP-MS [168].  
Aliquots of the humic acid solution were added to 7 mL suspension of 
CuO NPs in 12-mL screw-capped glass vials, and the pH was set to 9.0. The 
mixtures were diluted to 10 mL with ultrapure water. The final concentration 
of CuO NPs was 100 µg L
-1
. The vials were then sealed, and covered in 
aluminium foil to inhibit photo-induced effects. The mixtures were 
equilibrated for 6 h. They were then filtered through a 0.1-µm syringe filter, 
and ultracentrifuged at 22,000 rpm for 30 min. The equilibrium organic carbon 
(OC) concentration was determined in the supernatant using a TOC analyzer. 
The same experiment was carried out on the humic acid solutions as control 
samples to account for the loss of the colloidal humic acid during filtration and 
ultracentrifugation. The equilibrium OC concentration was subtracted from the 
OC concentration of the supernatant of the control sample, and divided by the 
concentration of the NPs (non-dissolved portion) to give the amount of NOM 
adsorbed (mg C g
-1
) on the CuO NP surface. The working suspension was also 
spiked with aliquots of Cu
2+
 solution, and the adsorption experiment was 
conducted according to the procedure described for the NOM adsorption. The 
supernatant was then analyzed by ICP-MS to determine the amount of Cu
2+ 
adsorption on the NP surface. Control samples with unspiked humic acid and 
Cu
2+
 were similarly analyzed for the dissolved portion.  
2.2.5 Preparation of coated CuO NPs 
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CuO NPs were coated with citric acid, PVP10, and PEG 10,000, as follows: 
One milliliter of the respective coating solution (10 mM) was added to 9 mL 
of 10 mg L
-1
 CuO NP suspension, and the mixture was equilibrated for at least 
6 h in the dark under continuous stirring (200 rpm). The suspension was then 
centrifuged at 14,000 rpm for 30 min, and the supernatant was removed. The 
sedimented phase was redispersed in ultrapure water. The centrifugation step 
was repeated to remove any unbound (free) coating chemical. The sedimented 
phase was then redispersed in water, and determined by ICP-MS after MW 
digestion [168, 169]. 
2.2.6 Characterization of CuO NPs 
The hydrodynamic diameter (HDD) of CuO NPs was measured using a laser 
diffraction particle size analyzer (Mastersizer 2000, Malvern, Worcestershire, 
UK). The zeta potential was determined after pH adjustment using Malvern 
Zetasizer Nano ZS analyzer. TEM was carried out with a high resolution TEM 
JEM-3010 (JEOL, Tokyo, Japan) instrument at 300 kV. Four microliter 
aliquots of the aqueous or the TX-114-rich phase (diluted 20 times by 1:1 
water and methanol) were loaded on a carbon-coated grid, and air-dried. The 
PSD was estimated using DigitalMicrograph software (Gatan, Inc., 
Pleasanton, CA, USA). At least 200 particles were counted from various areas 
in a grid for each sample. Fourier transform infrared (FTIR) spectroscopy was 
conducted using an Excalibur 3100 FTIR spectrophotometer (Varian, Inc., 
Palo Alto, CA, USA). The coated CuO NPs collected as the sedimented phase 
were first vacuum-dried. CuO nanopowder, pure coating chemicals, and the 
dried coated NPs were then prepared on KBr pellet for FTIR analysis. The N2-
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BET specific surface area was obtained by a surface area and porosity 
analyzer (ASAP 2020, micromeritics, Norcross, GA, USA). The purity and 
moisture content of nanopowder were determined by thermogravimetric 
analysis (TGA). DOC concentration was measured by a Model TOC-5000A 
TOC analyzer (Shimadzu Corp., Kyoto, Japan). All experiments were carried 
out in triplicate, and an average of triplicate measurements with standard 
deviation (SD) was reported (mean ± SD, n = 3). 
2.3 Results and discussion 
2.3.1 Enrichment factor 
CPE enables the microextraction of aqueous samples of NPs (milliliter range) 
into the lower surfactant-rich phase (microliter range) to achieve high 
enrichment factors. At a concentration above the CMC (e.g., ~0.01% w v
-1
 for 
TX-114) of a non-ionic surfactant, and at a temperature above lower critical 
solution temperature (LCST, e.g., ~23 
°
C for TX-114), a NP-micelle assembly 
is formed due to hydrophobic interactions between the NP surface and 
hydrophobic moieties of the surfactant molecules. The assembly is then 
sedimented as a result of dehydration of poly(oxyethylene) headgroup 
(hydrophobic transformation), and micellar growth (agglomeration). The 
clouding behavior of non-ionic surfactants has been described previously 
[112,170]. The effects of primary sizes of NPs and CPE conditions on the 
extraction efficiency have been discussed in detail elsewhere [115,118,120]. 
The current work focused on some special considerations regarding CuO NP / 
NP-micelle assembly behavior during CPE and before analysis.  
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Figure 2-1a and 2-1b show the extraction efficiency and enrichment 
factor of CuO NPs as a function of TX-114 concentration. The enrichment 
factor was calculated based on the volumes of the aqueous and surfactant-rich 
phases and the extraction efficiency. As observed, high enrichment factors 
were attained at low TX-114 concentration as a result of small volume of the 
sedimented phase. They were ~154 and 17 for 0.03 and 1% w v
-1
 of TX-114, 
respectively. The best extraction efficiency ((85.3 ± 6.3)%) was given at 0.3% 
w v
-1
 of TX-114. It might be attributed to the total number of micelles 
surrounding the NPs. The corresponding enrichment factor was not high (~62) 
because of dilution (Figure 2-1b). Hence, we selected 0.2% w v
-1
 of TX-114 as 
the optimum which yielded the enrichment factor of ~82. Figure 2-1a also 
illustrates the HDD of the NP-micelle assembly at room temperature. 
While the HDD of CuO NPs alone was in the submicrometer range (0.22 
µm), it was greatly increased upon addition of TX-114, and reached 5.3 µm at 
1% w v
-1
 of TX-114, indicating the formation and growth of the NP-micelle 
assemblies [112,170]. This facilitated the isolation and sedimentation of NPs 
in water, although the extraction efficiency decreased slightly due to the loss 
of the extracted CuO NPs during the collection of the TX-114-rich phase. As 






Figure 2-1 Effects of TX-114 concentration on the extraction efficiency 
(circle) and hydrodynamic diameter (asterisk) (a), and enrichment factor 
(triangle) and surfactant-rich phase volume (square) (b), for 100 µg L
-1
 CuO 
NPs at pH 8.5 and incubation at 40
°
C for 45 min. Error bars represent standard 
deviations of three independent replicates. 
TEM observations and PSD analyses (Figure 2-2) indicated that the 
morphologies and the sizes of the NPs were not altered significantly during the 
CPE. The nominal average diameters of CuO NPs before and after extraction 


































33  7 nm
 
Figure 2-2 TEM images of CuO NPs (top) before extraction (left), and after 
extraction into TX-114-rich phase (right), and their respective particle size 
distribution histograms (bottom). 
2.3.2 Sample pH 
The effect of sample pH on the CPE efficiency was investigated in the pH 
range from 7.0 to 12.0. The sample pH plays an important role in the 
extraction of NPs, since it influences the surface charge of NPs, determined as 
the zeta potential. The pH may further change CMC and LCST [171]. As 
previous studies have shown [114,115], at a pH close to the isoelectric point 
(IEP) of NPs, the repulsive forces among NPs as well as electrophoretic 
mobility of NPs are diminished due to the compression of the electric double 
layer of NPs, and therefore, the incorporation of NPs into the micelles is 
enhanced (Figure 2-3a). 
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CuO NPs were dissolved effectively (>50% of the CuO NP content) 
under mildly acidic conditions (pH <7.0), and therefore, the extraction 
efficiency was largely reduced. However, at the pH range of 7 – 12, 
dissolution of these NPs was still observed. This is of particular concern for 
the trace analysis of CuO NPs at (sub)microgram per liter range. The 
solubility has significant effects on the extraction efficiency due to the 
reduction of the NP content and adsorption of released Cu
2+ 
onto the NP 
surface [172]. 
Figure 2-3b shows the extraction efficiency and solubility of 100 µg L
-1
 CuO 
NPs under similar CPE conditions. As shown, the solubility at pH 7.0 was 
high ((43.2 ± 5.4) µg L
-1
) as a result of the hydrolysis of the NP surface 





(aq)      (Equation 2-1) 
Cu(OH)
+
(aq) + H2O(l) ↔ Cu(OH)2(aq) + H
+
(aq)    (Equation 2-2) 









(aq) + H2O(l) ↔ Cu(OH)3
-
(aq)      (Equation 2-3) 
CuO(s)+ 2OH
-
(aq) + H2O(l) ↔ Cu(OH)4
2-
(aq)     (Equation 2-4) 
 The released Cu
2+
 might be partially extracted into the surfactant-rich 
phase. It could also be adsorbed onto the CuO NP surface, and thus extracted 
and measured with the NPs. Both phenomena probably contributed to the high 
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apparent extraction efficiency. The solely extracted Cu
2+
 in the concentration 
range of between 10 µg L
-1
 and 10 mg L
-1
 yielded extraction efficiencies of 
less than 10% due to its hydrophilic properties. Hence, this apparent extraction 
efficiency mainly originated from adsorption of Cu
2+
 onto the NP surface. The 




 was observed at pH 10.0. The 
hydrolysis of metal oxide NPs is accelerated at acidic and extremely alkaline 
pH [173,174]. To have high recovery and low solubility, pH 9.0 was chosen as 




). This pH was close to the IEP of 
CuO NPs (pH = 8.7 in ultrapure water, where the ionic strength was 
maintained at 2 mM with NaCl; see Figure 2-3a).  
 CuO NPs were stabilized by TX-114 micelles which surrounded the NPs, 
and aggregation of the NPs was not observed based on the TEM experiments, 
consistent with that reported in the literature [114–116]. The solubility was 
slightly (8–10%) lower in the samples containing ≥0.5% w v-1 of TX-114, 
compared with that in the samples without TX-114, due to effective coverage 
of the CuO NP surface by the surfactant micelles which might hinder its 
hydrolysis. However, at lower TX-114 levels, no significant discrepancies 




Figure 2-3 Effects of sample pH on the extraction efficiency (circle) and zeta 
potential (triangle) (a), and release of Cu
2+
 (diamond) (b), for 100 µg L
-1
 CuO 
NPs with 0.2% w v
-1
 of TX-114 and incubation at 40 
°
C for 45 min. Error bars 
show standard deviations of triplicate measurements.  
 Figure 2-4 exhibits the effect of pH on the HDD of NP-micelle assembly. 
While the pH had a less pronounced effect on the HDD by pH 9.0 (<0.2 µm), 
the HDD was lowered under extremely alkaline conditions. This might have 
























































Figure 2-4 Effects of pH on the extraction efficiency (circle) and 
hydrodynamic diameter (asterisk) of 100 µg L
-1
 CuO NPs with 0.2% w v
-1
 of 
TX-114 and incubation at 40 
°
C for 45 min. Error bars represent standard 
deviations of triplicate measurements. 
2.3.3 Incubation conditions 
The CPE technique relies on the adequate incubation of analyte with non-ionic 
surfactant to attain a high recovery in the enriched phase. The incubation 
temperature above LCST triggers cloudy state formation, and mitigates the 
solubility of the surfactant due to dehydration of polyoxyethylene headgroups 
and agglomeration of the micelles [170]. Temperature further influences the 
behavior of NPs such as aggregation, dissolution, and surface adsorption. 
Therefore, concomitant with the extraction and analysis of NMs, their original 
properties may undergo changes. This will not permit the detection of NPs in 
their native states. Figure 2-5a depicts the effects of the incubation 
temperature on the CPE efficiency and solubility of CuO NPs. A rise in 
temperature would result in enhanced extraction efficiency, as observed at 40 
°
C, although elevated temperatures might reduce the association of NPs with 
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micelles [115,172]. A decrease of about 6 
°
C in the temperature (still well 
above LCST) after centrifugation would not lead to redispersion of the 
extracted NPs in water, and reduction in the recovery. 
The solubility exhibited a decrease with increase of the incubation 
temperature. At the optimum pH of 9.0 and the temperature range of 25 – 50 
°
C, the dissolutions of  CuO NPs and a layer of Cu(OH)2 (s) that might be 
formed on the NP surface, were exothermic processes (generally at incubation 
temperatures below 100 
°
C), such as those of other divalent metal oxides 
[176,177]. The solubility thus declined at higher temperatures. This favored 
the extraction of NPs since they were less dissolved and lost at higher 
temperatures. The solubility was decreased from 5.2 µg L
-1
 at 25 
°
C to 2.4 µg 
L
-1
 at 50 
°
C. The NP surface adsorption of e.g., NOM and ions, have also been 
found to be generally exothermic [178,179], and therefore, the interference of 
such adsorbates would be diminished by increasing the water temperature.  
The influence of incubation time on the extraction efficiency and 
solubility, was studied, and is shown in Figure 2-5b. The kinetics of either 
CPE or dissolution of CuO NPs were found to affect the recovery of the NPs 
in the surfactant-rich phase. The HDD of NP-micelle assemblies reached 3.9 
µm in the first 15 min of incubation, and increased to 4.9 µm after 45 min. It 
did not vary significantly (<0.3 µm) at longer incubation. Long incubation 
allowed NPs to effectively incorporate into the micelles, and the resultant 
assembly would settle, and accumulate in the lower phase. The incubation 
time of 60 min was enough to attain the best extraction efficiency. The 
kinetics of dissolution of CuO NPs has been found to be high within the initial 
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6 h [139]. As observed in this figure, the prolonged incubation resulted in the 
enhanced dissolution of the NPs. The corresponding release of Cu
2+
 after 120 
min of incubation reached 4.7 µg L
-1
. This would lead to inaccurate 
determination of the extraction efficiency, due to the decrease of the primary 
content of CuO NPs, and adsorption of Cu
2+
 onto the CuO NP surface. The 
best extraction efficiency of (86.1 ± 5.1)% was achieved with 0.2% w v
-1
 of 
TX-114, pH = 9.0, incubation temperature of 40 
°
C, and incubation time of 60 
min. The enrichment factor was ~89.  
In another experiment, the optimum conditions were applied for the CPE 
of 100 µg L
-1
 of nanosized zero-valent copper (nZVC) (average particle size 
of 36 nm). The working suspension was prepared and extracted, and the 
extracted sample was MW digested and analyzed, according to the methods 
described for CuO NPs. An extraction efficiency of (89.4 ± 4.3)% (n = 3) was 
achieved, suggesting that the previous optimum conditions were also 
applicable for the CPE of nZVC. Since the IEP is an important factor 
influencing the CPE efficiency [114], it was determined for nZVC by 
measuring the zeta potential at pH 6.0–12.0 (data not shown). The IEP was 
obtained at pH 9.6. The sample pH was adjusted to 10.0, and nZVC particles 





Figure 2-5 Effects of incubation temperature (a), and incubation time (b), on 
the extraction efficiency (circle) and release of Cu
2+
 (triangle and diamond), 
for 100 µg L
-1
 CuO NPs with 0.2% w v
-1
 of TX-114 , pH = 9.0, incubation 
time of 45 min (a), and incubation temperature of 40 
°
C (b). Error bars indicate 
standard deviations (n = 3). 
The particle sizes and morphologies were not greatly altered during the 
CPE (Figure 2-6). Lower extraction efficiencies achieved for metal oxide NPs 
[120], might be attributed to the enhanced surface hydrolysis (solubility) and 
hydrophilicity of these NPs due to the presence of oxygen in their chemical 
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structure (although nZVC may also be partially oxidized under ambient 
conditions [174]). 
  
Figure 2-6 TEM images of nanosized zero-valent copper particles before 
extraction (left), and after extraction into TX-114-rich phase (right). 
2.3.4 Environmental interferences 
NOM, like fulvic and humic acids, is ubiquitous in natural and wastewater. 
They may exceed 20 mg C L
-1
 as DOC [161]. These large molecules can be 
adsorbed onto the NP surface through several functional groups such as 
phenolic and carboxylic groups, exchange ligand, and impart steric effects and 
negative charges when deprotonated (electrostatic effect), leading to 
stabilization of the coated NPs in the environment [178]. Therefore, separating 
these functionalized NPs by TX-114 micelles is worthy of attention. NOM has 
been found to interfere with CPE [115]. Figure 2-7 illustrates the effect of 
NOM concentration on the extraction efficiency and the amount of NOM 
adsorption. As observed, the extraction efficiency was not greatly influenced 
by the presence of 5 mg C L
-1
 humic acid (<6%). However, the extraction 
efficiency decreased to ~72% in the presence of 20 mg C L
-1
 humic acid under 
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the optimum conditions.  The corresponding amount of NOM adsorption was 
2.4 mg C g
-1
. The surface coverage (molecules of humic acid per surface area 
of CuO NPs) [168] can be estimated based on the Mw of 4006 g mol
-1
 for 
humic acid (percentage of carbon: 50.7%) [180] and the measured specific 




 (see Table 2-1), assuming that CuO NPs do not 
aggregate in the presence of humic acid. The surface coverage for the amount 
of adsorption of e.g., 2.4 mg C g
-1






The amount of NOM adsorption may vary under different conditions of 
pH, ionic strength, solid content and surface area of NPs, and NOM 
concentration [178]. Various adsorption isotherms such as Langmuir and 
Freundlich, and adsorption kinetics like pseudo-first-order model could be 
fitted to the results of the adsorption experiments [181], although these studies 
were not the aim of the current work. It should also be pointed out that the OC 
concentration of the control samples of humic acid solution (filtered through  
0.1-µm syringe filters and ultracentrifuged) were 6–10% lower than the initial 
DOC concentration measured after filtration through the 0.45-µm filter, due to 





Figure 2-7 Effect of DOC concentration on the extraction efficiency without, 
and with pre-treatment with 3% w v
-1
 H2O2 (under optimum CPE conditions), 
and effect of DOC concentration on the amount of NOM adsorption (circle), 
for 100 µg L
-1
 CuO NPs. Error bars show standard deviations of three 
replicates. 
To minimize the interference posed by NOM, we examined pre-treatment 
of these samples with H2O2. It was earlier reported that H2O2 reduced the 
interference through decomposition of organic carbon [183,184]. Aliquots of 
H2O2 were added to the samples involving humic acid with and without CuO 
NPs, and the mixture was stirred at 200 rpm for 6 h in the dark prior to CPE. 
DOC concentration was measured in the samples without CuO NPs to 
eliminate the effect of NP surface adsorption. The effects of H2O2 addition on 
the extraction efficiency and DOC concentration in the samples containing 20 
mg C L
-1
 NOM as DOC are shown in Figure 2-8. It is seen that the extraction 
efficiency was enhanced by adding H2O2 up to 3% w v
-1
. Thereafter, the 
extraction efficiency slightly decreased, while the DOC concentration was 





). It might have originated from excess H2O2 which was able to oxidize 
the surfactant. Hence, 3% w v
-1
 of H2O2 was applied. Figure 2-7 also depicts 
the effect of pre-treatment with H2O2 on the extraction efficiency. The 
efficiency was increased to ~80% in the presence of 20 mg C L
-1
 NOM. Thus, 
this pre-treatment procedure is needed for river and wastewater samples with 
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Figure 2-8 Effects of H2O2 concentration on the extraction efficiency of 100 
µg L
-1
 CuO NPs (under optimum CPE conditions) (circle), and DOC 
concentration (after 6 h) (square), in the samples containing 20 mg C L
-1
 of 
humic acid. Error bars show standard deviations of three replicates. 
CuO NPs release Cu
2+
 as a result of surface hydrolysis. Furthermore, 
Cu
2+
 is present in environmental waters in a range from submicrogram per 
liter to several micrograms per liter [185]. The adsorption of the corresponding 
ion onto the NP surface is of particular importance since it reduces the 
accuracy of the analysis of the NP content. Figure 2-9 exhibits the apparent 
extraction efficiency of CuO NPs and the amount of Cu
2+
 adsorption on CuO 
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NPs in the presence of various spiked levels of Cu
2+
. As shown, the extraction 
efficiency was not greatly influenced by the addition of Cu
2+ 
up to 2 times that 
of CuO NPs (<6%). However, a rise in the apparent extraction efficiency was 
evident at higher Cu
2+
 spiked levels. The amount of Cu
2+
 adsorption reached 
5.2 mg g
-1




, leading to the apparent extraction efficiency of 
~118%, due to the extraction and measurement of Cu
2+ 
with CuO NPs. 
 
Figure 2-9 Effect of Cu
2+
 concentration on the extraction efficiency 
without, and with the addition of 10 mM EDTA (under optimum CPE 
conditions), and effect of Cu
2+
 concentration on the amount of its adsorption 
on the NP surface (circle), for 100 µg L
-1
 CuO NPs. Error bars represent 
standard deviations of triplicate measurements. 
To attain a species-selective approach, we previously introduced EDTA 
as both complexing and masking agent to coordinate with, and desorb, zinc 
ions from ZnO NPs [120]. The application of sodium thiosulfate was also 
reported for the speciation analysis of Ag [115,117] and Au NPs [118]. EDTA 
produces a stable anionic complex of [Cu(EDTA)]
2-
 at pH 8.0–10.0 with a 
complex formation constant (kf) of 1.6 × 10
18
 [186]. The resultant anion would 
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repel negatively surface-charged CuO NPs (see Figure 2-3a). EDTA is non-
toxic, and can be applied in a wide range of pH [187], compared with other 
ligands such as cyanide ([Cu(CN)4]
2-





, kf = 1.0 × 10
20
), and ammonia ([Cu(NH3)4]
2+
, kf = 1.1 × 10
13
).  
Aliquots of EDTA were added after spiking the suspension of CuO NPs 
with Cu
2+
 at the adjusted pH of 9.0. Hence, Cu
2+ 
was able to be adsorbed onto 
the NP surface before the addition of EDTA, such as that likely occurs in 
environmental waters. The spiking sequence of Cu
2+
, EDTA, CuO NPs, 
effectively eliminated the interference posed by Cu
2+
; but this procedure was 
not followed since it was not applicable to real-world samples. The effects of 
EDTA concentration on the extraction efficiency of 100 µg L
-1
 CuO NPs in 




, and on the amount of Cu
2+ 
adsorption are 
illustrated in Figure 2-10. The EDTA concentration of 10 mM effectively 
reduced the apparent extraction efficiency and Cu
2+ 
adsorption. Hence, it was 





. Figure 2-9 also shows that with the addition of 10 mM EDTA, the 
apparent extraction efficiency was reduced, and Cu
2+
 concentration up to 5 
times that of CuO NPs contributed less than 9% to the measured CPE 
efficiency. The possibility of the extraction of Cu
2+
 alone (10, 100, and 1000 
µg L
-1
) in the presence of ligand compounds (humic acid and EDTA) was also 
investigated. The highest CPE efficiency was ~7%, indicating that the 
hydrophilic complexes were unable to be incorporated into the TX-114 
micelles because of the hydrophobicity of these micelles due to dehydration of 
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Figure 2-10 Effects of EDTA concentration on the extraction efficiency 
(under optimum CPE conditions) (circle) and amount of Cu
2+
 adsorption 
(triangle), in the samples containing 100 µg L
-1





. Error bars represent standard deviations of triplicate measurements. 
2.3.5 Coating chemical 
Engineered NMs are coated with various functional materials to enhance their 
affinity, reactivity, and stability, and employed widely in industrial and 
consumer products. Either bare (uncoated) or coated NPs likely adsorb 
naturally occurring ligands and undergo ligand exchange and transformation 
in the environment [2]. The effect of coating CuO NPs with citric acid, 
PVP10, and PEG 10,000, on the CPE efficiency was studied. These ligands 
were selected as representatives of coating chemicals that may be used for 
engineered CuO NPs for specific uses, and/or occur in environmental waters 
(such as citric acid) and can adsorb onto the surface of the bare NPs or 
exchange with the currently adsorbed ligand in water. The latter two 
surfactants (PVP10 and PEG 10,000) have been found to improve clouding 
behavior and phase separation of non-ionic surfactants [188]. Both of these 
68 
 
coating chemicals with various molecular weights have further exhibited 
properties of non-ionic surfactants [188,189]. An increase in the HDDs of the 
coated CuO NPs was observed due to the adsorption of these materials on the 
NP surface [190].  
 The FTIR spectra of the bare (uncoated) CuO NPs, pure coating 
chemicals, and coated CuO NPs, and assignment of the important peaks are 
shown in Figure 2-11 and Table 2-4, respectively. The new peaks were 
observed for the coated CuO NPs compared to the bare NPs due to the 
functional groups, such as (C–H), (C–OH), (COO-), and (C–O–C), of the 
adsorbed ligands; although disappearing/weakening, broadening, and shifting 
of some peaks were noted due to the bonding of the ligands to the NP surface, 
such as (C=O) at 1732 cm
-1
 in the citrate-coated [168,191], (C–N–C) and 
(C=O) at 1292 and 1664 cm
-1
, respectively, in the PVP-coated [192], and (C–
O–C) and (O–H) at 1110 and 3463 cm-1, respectively, in the PEG-coated CuO 
NPs [193] (see Figure 2-11). The peak corresponding to (C=O) at 1732 cm
-1 
in 
the citrate-coated CuO NPs was split into two peaks at 1407  and 1578 cm
-1
, 
indicating the formation of a chemical bond between the carboxylic group of 
citric acid and the surface of CuO NPs [168,191]. The peaks observed at 1629 
and 3428 cm
-1









Figure 2-11 FTIR spectra of bare CuO NPs, pure citric acid and citrate-coated 
CuO NPs (top), pure PVP10 and PVP-coated CuO NPs (middle), and pure 
PEG 10,000 and PEG-coated CuO NPs (bottom). Each illustration shows the 
respective spectra of bare CuO NPs (bottom), pure coating chemical (middle), 











































































Bare CuO 1629 (O–H) bend 
3428 (O–H) stretch 
Citric acid and 
citrate-CuO 
1073 (C–OH) stretch 











1732 (C=O) stretch 
3413 (O–H) stretch 
PVP10 and  
PVP-CuO 
1292 (C–N–C) stretch 
1419 (C–H) bend 
 1664 (C=O) stretch 





 3430 (N–H) stretch 
PEG 10,000 and 
PEG-CuO 
1110 (C–O–C) stretch 
1341 (–CH3) symmetric bend 
 1452 (C–H) asymmetric bend 
 1624 (O–H) bend 
 2889 (C–H) symmetric stretch 






To minimize the electrostatic repulsion among coated CuO NPs, NaCl 
(10 and 30 mM) was added to the suspension [115]. The zeta potential of the 
citrate-coated CuO NPs was negative over the pH range from 6.0 to 12.0. The 
zeta potentials (absolute values) of the PVP-coated and PEG-coated CuO NPs 
were low at this pH range. The latter two coating chemicals act as non-ionic 
dispersants and sterically stabilize the NPs. As such, the NP surface charge 
was markedly reduced. The sample pH had much less effect on the zeta 
potentials of these coated NPs. 
Since the solubility of CuO NPs was greatly enhanced at pH <7.0, zeta 
potentials and CPE efficiencies of the coated NPs are shown at pH ≥7.0 in 
Figure 2-12. While the zeta potential of the citrate-coated CuO NPs (absolute 
value) was smaller at lower pH levels, the CPE efficiency generally declined 
due to increased solubility of CuO NPs (as also shown in Figure 2-3b). The 
efficiency was slightly higher at pH 8.0 compared to pH 9.0 (1.3%) for the 
citrate-coated CuO NPs. Nevertheless, the solubility generally had more 




Figure 2-12 Zeta potentials (top), and extraction efficiencies (bottom), of 
coated CuO NPs as a function of pH in the presence of 10 mM NaCl. Error 
bars represent standard deviations of triplicate measurements. 
Figure 2-13 compares the extraction efficiencies of the bare CuO NPs 
with its surface-modified species in the presence of 10 and 30 mM NaCl. The 
recovery order of bare CuO > PVP-CuO > Citrate-CuO > PEG-CuO was 
observed. This might be attributed to the enhanced hydrophilicity of citrate-
coated, and the steric hindrance of PEG-coated, CuO NPs, which reduced the 
association of the NPs with the TX-114 micelles. The best extraction 
efficiencies of 79.3 and 71.6% were achieved for citrate- and PEG-coated 
CuO NPs with 30 mM NaCl. It is worthwhile to note that 30 mM NaCl did not 
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significantly enhance the extraction efficiencies of various coated CuO NPs (2 
– 5%, compared to those obtained with 10 mM NaCl) at the 95% confidence 
level, based on the one-way analysis of variance (ANOVA).  
 
Figure 2-13 Effects of coating chemical and NaCl addition on the extraction 
efficiency of 100 µg L
-1 
CuO NPs under optimum CPE conditions. For all 
types of CuO NPs, the difference between the extraction efficiencies with 10 
mM and 30 mM NaCl is insignificant (p > 0.05). Error bars show standard 
deviations of three independent replicates. 
2.3.6 Sample analysis  
In addition to MW digestion and ICP-MS determination of the TX-114-rich 
phase, direct analyses of Au and Ag NPs in this phase (diluted by 100–200 µL 
ethanol) with GF-AAS, have very recently been investigated [118,119]. The 
latter technique was able to directly measure ultratrace levels of the NPs 
without further MW digestion and significant dilution of the digested samples 
needed for the former. However, GF-AAS requires extensive optimization of 
the instrument operating conditions, and its measurement range is limited by 
the linearity of the calibration plot, compared with ICP-MS. Since the 
robustness of the CPE technique also relies on the sensitive detection of the 
74 
 
extracted analyte, various types of treatment and analysis of the extracted 
sample were examined.  
 Twenty micrograms per liter
 
CuO NPs (10 mL) was extracted at different 
TX-114 concentration levels whereas other CPE conditions were maintained 
at their optimum values. To the extracted phase, 2 mL concentrated HNO3 and 
1 mL concentrated H2O2 were added, and the mixture was left at room 
temperature overnight, and then diluted to 25 mL with ultrapure water prior to 
ICP-MS. Another set of the extracted samples was subjected to the MW 
digestion prior to ICP-MS measurement, and the last set of the extracted 
samples was diluted to 25 mL, and directly injected to the graphite tube 
atomizer for GF-AAS analysis. Figure 2-14 exhibits the optimization of the 
pyrolysis and atomization temperatures of the graphite furnace. The optimum 
temperatures of 1200 and 2000 
°
C, respectively, were applied to the analysis 
of the samples (see also Table 2-3). As shown, the background signal intensity 
was reduced markedly at the pyrolysis temperatures >1200 
°
C. 
 Figure 2-15 shows extraction efficiencies measured by these methods as a 
function of TX-114 concentration. As observed, the measured CPE efficiency 
was slightly lower for ICP-MS analyses after MW digestion at low TX-114 
concentration levels (≤0.2% w v-1) compared with the GF-AAS results, 
presumably due to the loss of the extracted NPs during MW digestion and 



















































Figure 2-14 Optimization of graphite furnace pyrolysis temperature at the 
atomization temperature of 2000 
°
C (a), and atomization temperature at the 
pyrolysis temperature of 1200 
°
C (b), for the analysis of 10 µg L
-1
 CuO NPs 
extracted under optimum CPE conditions. 
 The acid-digestion before ICP-MS analysis yielded satisfactory recoveries 
for the samples containing up to 0.1% w v
-1
 of TX-114, compared with the 





declined at higher TX-114 levels (p <0.01, based on one-way ANOVA) due to 
the interferences posed by the surfactant in the plasma. The results of the other 
two methods were not significantly different (p >0.05), and therefore, either 
one could be used.  
 It is worthwhile to note that the direct injection of the TX-114-rich phase 
containing the NPs (without MW digestion and/or dilution) is preferred where 
the concentration of the enriched NPs is within the narrow linear range of the 
calibration curve of GF-AAS. However, at the microgram per liter levels of 
CuO NPs in this study, dilution of the TX-114-rich phase was needed due to 
the effect of the enrichment of the NPs and the limitation of the measurement 
range. The initial concentration of NPs at which the extracted phase can be 
directly analyzed (without dilution) by GF-AAS, should be in the 
submicrogram per liter range, such as that reported previously for Au and Ag 
NPs [118,119], whereas CuO NPs were readily soluble at this range, and 
therefore, could not be extracted. It is important to note that CPE enables the 
discrimination among NPs and non-nano-sized species through the effective 
exclusion of e.g., respective ions of NPs (speciation). Without CPE, non-nano-
sized species would be determined together with NPs when using any 
elemental analytical technique. In other words, the direct determination of NPs 
with such a technique in water samples will give the total elemental content 
rather than just the NPs alone.  CPE as both the extraction and 
preconcentration approach minimizes matrix effects such as (non-
)spectroscopic interferences with ICP-MS analysis posed by e.g., cations and 
anions in various environmental water samples [195]; although the MW 
digestion is still needed to eliminate the effect of TX-114 prior to the analysis. 
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CPE also facilitates the characterization of the NPs that are enriched in the 
surfactant-rich phase [115,116,118,120]. 
 
Figure 2-15 Measured extraction efficiencies of 20 µg L
-1
 CuO NPs as a 
function of TX-114 concentration, determined by ICP-MS and GF-AAS after 
treatment of the extracted samples. Asterisk indicates significant difference (p 
<0.01). Error bars represent standard deviations (n = 3). 
2.3.7 Method validation 
The detection limit for CuO NPs analyzed by either ICP-MS or GF-AAS, 
was determined as follows: The maximum signal intensity of the blank 
(unspiked) samples (n = 10) was first determined, and converted to the 
concentration using the calibration function. Another calibration curve was 
constructed by spiking the blank sample with copper standard solution starting 
at the maximum concentration of the blank up to 10 times this concentration. 
The maximum height of the prediction interval was then determined for the 
blank sample for a probability of 95%, and converted to the concentration 
using the linear least-squares of the latter calibration curve, and reported as the 
detection limit [118,196]. The mass concentration detection limits were 
78 
 
calculated to be 0.02 and 0.06 µg L
-1 
(as CuO) for ICP-MS and GF-AAS 
analyses, respectively. The corresponding number concentration detection 
limits were estimated from the mass concentration detection limits, the density 







 for ICP-MS and GF-AAS measurements, 
respectively. To calculate the method detection limit, the unspiked samples 
were first extracted and microwave digested. The signal intensities of the 
digested samples were then used for the calculation. The corresponding values 
for ICP-MS and GF-AAS were 0.08 and 0.11 µg L
-1 
(as CuO), respectively. 
The precision of the methods, expressed as the relative standard 
deviations of ICP-MS and GF-AAS analyses of identically prepared 5-µg L
-1
 
samples of CuO NPs at three consecutive days (four replicates each, n = 12) 
were 6.8% and 8.8%, respectively. The intra-day precisions (n = 4) were 
found to be in the ranges of from 2.9% to 5.4% (ICP-MS), and from 3.6% to 
7.3% (GF-AAS). The inter-day precisions (n = 3) were 6.1% and 7.9%, 
respectively. The genuine water samples were spiked with 5 µg L
-1 
CuO NPs 
(as Cu), and analyzed. In addition to the external calibration, the standard 
addition (internal calibration) approach was employed. The results based on 
the standard addition approach were compared with those based on an external 
calibration.  The measured Cu was ~9% greater for the internal calibration, 
and a significant difference was observed (p <0.05) between the results of the 
two calibration approaches. The difference could be attributed to the effects of 
the real sample matrices. Hence, the standard addition approach was employed 
for the genuine water samples. 
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2.3.8 Genuine water sample analysis 
To further evaluate the current technique and to investigate the matrix effects, 
real-world water samples (river and STP effluent) were analyzed under the 
optimum CPE conditions. The stock suspension of CuO NPs with known 
concentration (10 mg L
-1
) was added at the spiking level from 5 to 100 µg L
-1
 
(as Cu) under 15 min of ultrasonication. The sample matrix was assumed to 
originally contain CuO NPs at the spiked levels. Hence, spiking the samples 
was done prior to the filtration and pre-treatment, to resemble genuine 
conditions. The samples were then divided into two portions. One portion was 
filtered through a 0.45-µm cellulose acetate membrane filter. The other 
portion remained unfiltered to investigate the effects of natural particles. The 
pH levels of both the filtered and unfiltered samples were adjusted to 9.0. 
Since the samples were found to contain DOC and Cu
2+
, they were pre-treated 
with 3% w v
-1
 of H2O2 and 10 mM of EDTA, and NaCl concentration was set 
to 10 mM under controlled pH prior to the CPE. Both samples were then 
incubated with 0.2% w v
-1
 of TX-114 at 40 
°
C for 60 min, and the lower 
phases of each were separated accordingly. The CPE efficiencies were 
compared with those measured in the spiked samples equilibrated for 6 h in 
the absence of H2O2. 
Table 2-5 shows the total Cu contents detected after CPE and the relative 
recoveries of CuO NPs. The relative recovery was in the range from 59.2% to 
108.2%. As observed, low relative recoveries at the spiking level of 5 µg L
-1
 
might be attributed to the loss of CuO NPs as a result of dissolution. The total 





. However, CuO NPs were not visualized with the TEM in the TX-
114-rich phase of these samples, probably due to their small sizes or low 
particle count. The Cu content might also have originated from Cu
2+ 
as a result 
of its extraction into the TX-114-rich phase. The CPE method has a potential 
to be employed for the removal/recovery of NPs (insoluble portion) in larger 
scales such as water and wastewater treatment plants. However, it will then 
require a large quantity of TX-114, energy consumption for heating, and a 
mechanical separation system. The large-scale CPE might result in similar 
removal efficiency/recovery where the NP content is not lost due to 
dissolution. As shown in Table 2-5, the extraction efficiencies in relation to 
the unfiltered samples did not markedly differ from those of the filtered 
samples. This indicated that the presence of (sub)micron-sized suspended 
particulate matters in the sample matrix would not interfere with the CPE of 
these NPs, and the NPs did not significantly aggregate after ultrasonication so 
as to be rejected by the filter. The CPE efficiencies of the environmental water 
samples without pre-treatment were found to be slightly lower than those 
obtained after the pre-treatment (<8%). Since the NOM contents of the 
samples did not exceed 6 mg C L
-1
, no significant interference was observed, 
as found earlier in this study for the laboratory-prepared samples. 
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Table 2-5 ICP-MS analysis of CuO NPs in spiked genuine water samples 
Sample Spiked CuO NPs 
(as Cu) (µg L
-1
) 








recovery (%)  
River water I 0 0.44 ± 0.07  
(without 
filtration) 
20 17.8 ± 1.9 86.8 ± 8.2 
River water I 0 0.36 ± 0.06  
(with filtration) 5 3.53 ± 0.17 63.4 ± 5.5 
 20 18.2 ± 1.6 89.2 ± 7.0 
 100 84.6 ± 5.3 84.2 ± 4.1 
River water II 0 0.57 ± 0.09  
(without 
filtration) 
20 17.3 ± 1.2 83.6 ± 5.3 
River water II 0 0.52 ± 0.11  
(with filtration) 5 3.48 ± 0.25 59.2 ± 8.7 
 20 16.6 ± 1.4 80.4 ± 6.3 
 100 95.1 ± 4.2 94.6 ± 3.4 
STP effluent 0 1.38 ± 0.15  
(without 
filtration) 
20 19.7 ± 1.9 91.6 ± 9.2 
STP effluent 0 1.19 ± 0.23  
(with filtration) 5 4.66 ± 0.26 69.4 ± 6.3 
 20 18.7 ± 1.2 87.5 ± 5.2 
 100 109.4 ± 8.9 108.2 ± 8.4 
a 
mean ± SD (n = 3) 
2.4 Conclusion 
For the first time, the role of very important behavior of NPs (and NP-micelle 
assembly) such as aggregation, dissolution, and surface adsorption, on its 
separation and detection were investigated during CPE of CuO NPs. The HDD 
of micelle assemblies reached ~5µm, and decreased at alkaline pH, resulting 
in the reduced association of the NPs with the TX-114 micelles. The solubility 
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of CuO NPs was lowered with increasing pH (in the range of between 9.0 and 
11.0) and temperature, and this favored the extraction of the NPs. A short 
incubation resulted in the partial separation and sedimentation of the NP-
micelle assemblies, whereas prolonged incubation enhanced the kinetics of 
dissolution. The recovery of coated CuO NPs may differ with respect to the 
hydrophilicity and steric effects of adsorbed ligand. In particular, the latter 
markedly diminished the recovery. The MW digestion of the surfactant-rich 
phase containing the NPs was found to be necessary prior to the ICP-MS 
analysis. The extracted phase could, however, be directly analyzed by the GF-
AAS at trace levels.  
Real-world water samples involving high degrees of NOM (ca. DOC >10 
mg C L
-1
) and corresponding ionic species of NPs (e.g., Cu
2+
 for CuO) like 
wastewater or contaminated freshwaters need pre-treatment with H2O2 and a 
suitable complexing agent prior to the CPE. Taking these considerations into 
account, the results of the CPE of NMs will then be reliable for toxicity 




Chapter 3 Surface modification and solvent microextraction of trace 
silver and titanium dioxide nanoparticles in water  
3.1 Introduction 
Among ENMs, Ag and TiO2 NPs are important components of several 
personal care and other consumer products. The annual production of these 
NPs has been estimated to be 320 and 5,000 tons, respectively [21,197]. 
Consistent with their large production, the release and therefore, 
environmental levels, of these NPs are increasing. The maximum PECs of Ag 
and TiO2 NPs in water were reported to be 80 ng L
-1
 and 16 µg L
-1
, 
respectively, while the predicted no effect concentrations (PNECs) were 0.7 
ng L
-1
 and 1 µg L
-1
, respectively [21]. 
 Studies have shown that these NPs are toxic in the range from µg L
-1
 to 
tens of mg L
-1
 [198,199]. While dissolution of TiO2 NP is negligible [200], 
dissolution of Ag NP also contributes to its toxicity [201]. Therefore, some 
studies have focused on detection and determination of these NPs in the 
environment [64,123,202,203]. Very recently, Ag NPs were measured at trace 
levels with SP-ICP-MS [122,136], and separated and enriched with a 
functionalized ionic exchange resin [204]. In contrast, TiO2 NPs were not 
detected efficiently in SP-ICP-MS due to their partial ionization in plasma 
[130]. They were measured in facade and urban runoff with ICP-OES and 
ICP-MS with standard hot plasma conditions [205]. In general, analytical 
methods for the enrichment and detection of TiO2 NPs are scarce [206]. It is 
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worthwhile to note that monitoring of ENMs at their native states in 
environment needs an analytical technique which preserves the original 
properties of these materials during sample preparation and measurement.
 
 
The phase transfer of synthetic NPs has been investigated extensively for 
preparation and purification of dispersible NPs in water (hydrophilic) or 
organic solvents (hydrophobic) [87,207–209]. Application of different 
surface-functionalizing agents such as alkanethiols [91], alkylamines [92], 
mercaptocarboxylic acids [90], polymers [94], dendrimers [210], surfactants 
[93], and ionic liquids [211], to transfer the surface-modified NPs (also terms 
as monolayer-protected clusters (MPCs)) into aqueous and organic phase were 
studied. Solvents such as hexane, toluene, chloroform, carbon tetrachloride, 
and their mixtures, have been used in a single step, multiple steps, and step-
wise, size separation of NPs [98–100]. Very recently, sequential size 
separation precipitation of penicillamine gold NPs with mixtures of acetone 
and water was reported [101].  
 MPCs are also able to be successfully transferred into organic phase via 
electrostatic interactions with some long-alkyl chain quaternary ammonium 
salts, cationic surfactants like TOAB and CTAB [107]. Furthermore, they can 
interact with the functional groups of other molecules (like –COOH and –
NH2) to yield hydrophobic NPs via e.g., amide or acid–base pair formation 
[103,104]. Mediator solvents such as ethanol facilitate dispersion of these 
reagents and enhance the transfer [105,106]. Thus, MPCs are fully transferred 
into the organic solvent rather than remaining at the aqueous/organic interface. 
In these studies, high concentration levels of NPs were separated in a 
85 
 
relatively large volume (millilitre range) of a solvent (or mixture of solvents) 
without measuring the exact amounts of the extracted NPs. 
In this chapter, we report for the first time, the quantitative transfer of 
citrate-stabilized Ag and TiO2 NP suspensions at trace levels, using small 
volumes (<1 mL) of organic solvent. The suspensions are surface-modified 
with mercaptocarboxylic acid, and interacted with long chain alkylamine to 
form an insoluble floc of non-polar acid–base pairs (also known as ion-pair 
adducts). The most favorable reagents are determined using a multivariate 
analytical approach, orthogonal array design (OAD), with fewer experiments 
than usually needed by the single variate method. The contribution of each to 
the extraction is further evaluated by ANOVA. The desired reagents and 
experimental conditions are then optimized to achieve the most favorable 
extraction efficiencies.  
The objectives of the present study then are: (1) to quantify trace levels of 
Ag and TiO2 NPs in aquatic environments; (2) to minimize interferences 
posed by sample matrix leading to inaccurate measurements, by pre-treating 
samples; (3) to preserve the original states of the NPs after extraction and 
enrichment through stabilizing surface-coated NPs. This approach provides a 
species selective analysis of NPs in aqueous environments in which the 
environmental interferences posed by NOM and corresponding ions, are 
minimized. Various coated NPs with different sizes are extracted into an 
organic phase. The extraction and enrichment of NPs further facilitate the 
detection and characterization of these materials in their native state. 
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3.2 Materials and methods 
3.2.1 Chemicals 
Citrate-stabilized Ag NP dispersions in water (TEM-advertised sizes of  20, 
40, and 60 nm), TiO2 NPs (<25 nm particle size, anatase), 3-
mercaptopropionic acid (3-MPA), 2-mercaptosuccinic acid (MSA), 11-
mercaptoundecanoic acid (11-MUA), dodecylamine (DDA, laurylamine), 
humic acid (sodium salt, DOC ~39% (w/w)), TX-100, PVP10, PEG 10,000, 
and TOAB, were purchased from Sigma-Aldrich (St. Louis, MO, USA). 
Dicyclohexylamine (DCHA), octadecylamine (ODA, stearylamine), citric 
acid, ultrapure HNO3 (65% w/v), HCl (37% w/v), hydrofluoric acid (HF, 40% 
w/v), and Ag standard solution (1000 mg L
-1
), were bought from Merck 
(Darmstadt, Germany). Analytical-reagent grade sodium thiosulfate 
pentahydrate (Na2S2O3.5H2O), NaCl, and NaOH were obtained from Goodrich 
Chemical Enterprise (Brecksville, OH, USA). Tetra-n-butylammonium 
bromide (TBAB) and CTAB were supplied by Acros Organics (Fair Lawn, 
NJ, USA). Ti standard solution (10000 mg L
-1
) was purchased from Fluka (St. 
Gallen, Switzerland), and H2O2 (30 – 35% w/v) was obtained from Kanto 
(Tokyo, Japan). HPLC-grade organic solvents (acetonitrile, methanol, ethanol, 
cyclohexane, toluene, and chloroform) were supplied by Tedia (Fairfield, OH, 
USA). The pH of humic acid solution (1 g L
-1
) was set to 9.0, and stirred 
overnight. It was then filtered through a 0.45-µm cellulose acetate membrane 
filter (Whatman, Sanford, ME, USA) prior to use. All the other chemicals 
were used without further purification. Ultrapure water (18.2 MΩ) was 
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produced with a PURELAB Option-Q water purification system (ELGA 
LabWater, Marlow, UK). 
Working suspensions of Ag NPs were obtained by dilution of commercial 
dispersions (20 mg L
-1
) in ultrapure water. The pH of the stock suspension was 
7.4 ± 0.2. Stock suspension of TiO2 NPs (~100 mg L
-1
) was prepared by 
dispersion of TiO2 nanopowder in 5 mM citric acid at pH 4.0 in an ultrasonic 
bath (50 kHz, SoniClean, Thebarton, SA, Australia) under sonication at 0.27 
kW of power for 15 min and equilibration for 3 h [168,191]. Since adsorption 
of citrate was found to be irreversible [168], the residue of unbound citrate 
was removed by centrifuging the sample suspension (14,000 rpm, 30 min), 
decanting off the supernatant, and redispersing the sedimented phase, for 3 
times. The FTIR spectra and assignment of peaks for bare (uncoated) TiO2 
NPs and citrate-coated TiO2 NPs are provided in the Figure 3-1 and Table 3-1, 
respectively.  
 
Figure 3-1 FTIR spectra of pure and citrate-stabilized TiO2 NPs at pH 4.0. 
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482 (Ti–O) stretch 
1078 (C–OH) stretch 
1220 (OC–OH)+ stretch 
1316 (O═C–O-) bend 
1402 (COO
-
) symmetric stretch 
1635 (COO
-
) asymmetric stretch 
1639 (O–H) bend 
1722 (C═O) stretch 
3418 (O–H) stretch 
To investigate the effect of different coating chemicals on the extraction, 
PVP10, PEG 10000, and TX-100 were added to citrate-stabilized Ag and TiO2 
NPs as follows: 1 mL of the respective coating solution (10 mM) was added to 
9 mL of 10 mg L
-1
 NP suspension, and equilibrated for 3 h in the dark under 
continuous stirring (150 rpm). The suspension was then centrifuged at 14000 
rpm for 30 min, and the supernatant was removed. The sedimented phase was 
redispersed in ultrapure water, and measured with ICP-OES after microwave 
digestion [169,190,213].  
Water samples were collected from a laboratory tap (pH = 7.5, DOC = 0.9 
mg C L
-1
) and two different local canals in a residential area (canal water I 
(pH = 7.8, DOC = 2.1 mg C L
-1





)) in Singapore. The characteristics of these samples are summarized in 
Table 3-2. The samples were stored at 4 
º
C in the dark before use. 





Tap water Canal water 
(I) 
 
Canal water (II) 
pH 7.51 ± 0.02 7.83 ± 0.04 7.91 ± 0.04 
DOC (mg C L
-1
) 0.93 ± 0.07 2.1 ± 0.2 3.8 ± 0.2 




197 ± 12 316 ± 11 387 ± 18 
Total alkalinity (meq L
-1
) 2.2 ± 0.1 2.9 ± 0.2 3.4 ± 0.2 
Cl
-
  (mg L
-1





) 18.6 ± 1.3 21.9 ± 1.4 26.3 ± 1.6 
Na (mg L
-1
) 22.6 ± 1.2 27.4 ± 1.9 35.2 ± 1.3 
K (mg L
-1
) 2.1 ± 0.1 3.8 ± 0.2 3.3 ± 0.1 
Ca (mg L
-1
) 27.3 ± 0.9 34.7 ± 2.5 47.5 ± 2.7 
Mg (mg L
-1
) 10.2 ± 0.8 12.1 ± 0.9 18.4 ± 1.1 
Fe (mg L
-1
) 0.03 ± 0.002 0.09 ± 0.007 0.13 ± 0.009 
Cu (µg L
-1
) 1.43 ± 0.10 1.13 ± 0.12 2.04 ± 0.14 
Zn (µg L
-1
) 0.82 ± 0.07 1.81± 0.19 2.32 ± 0.21 
a
 Filtered by 0.45-µm syringe filter; 
b
 mean ± SD (n = 3) 
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The exact concentrations of the prepared suspensions were determined 
prior to each experiment. The dissolved portion was measured as follows: after 
filtration of sample with 0.2-µm syringe filter (Whatman), it was centrifuged 
at 22,000 rpm for 30 min [168], and the supernatant was analyzed by ICP-MS. 
The TEM images of the supernatant indicated the absence of NPs. 
3.2.2 Surface functionalization, solvent extraction, and measurement of 
NPs 
Aliquots of the coated Ag NP sample suspension was added to a 12-mL 
conical-bottom glass centrifuge tube to obtain a final volume of 10 mL, and its 
pH was adjusted by diluted HCl or NaOH. The ionic strength of the sample 
was set by spiking it with 0.2 M of NaCl or Na2S2O3. The mediator solvent 
was divided into two portions. Mercaptocarboxylic acid was dissolved in one 
portion, and dispersed in the sample with the aid of ultrasonication, and stirred 
at 200 rpm in the dark. After a period of adsorption, alkylamine was dissolved 
in another portion under ultrasonication, and was added to the medium. An 
insoluble floc was formed immediately as a white layer. Aliquots of the 
extraction solvent containing surfactant were injected quickly, and the tube 
was vigorously shaken for 2 min to form a stable cloudy state. The sample was 
then centrifuged at 3,000 rpm and 25 
º
C to facilitate phase separation, and the 
organic phase (~48–816 μL) was collected and evaporated under nitrogen 
prior to microwave digestion. In the case of using an extraction solvent lighter 
than water (like cyclohexane and toluene), the aqueous phase was first drawn 
off using a long-needle HPLC syringe [214]. It should be noted that since 





containers were used throughout (the sample loss due to adsorption was less 
than 5%). 
 Both the aqueous and organic phases were subjected to microwave 
irradiation using an ETHOS advanced microwave workstation digestion 
system (Milestone, Sorisole, Italy). Ag NPs were digested as follows: 2 mL of 
concentrated HNO3 and 1 mL of concentrated H2O2 were added to the sample, 
and the mixture was irradiated at 120 
º
C (800 W) for 10 min, followed by 180 
º
C (1000 W) for 20 min [166]. TiO2 NPs were digested in the system 
according to the method proposed by Packer et al [215]. To sample containing 
TiO2 NPs, were added 4 mL of HNO3, 1 mL of H2O2, and 1 mL of HF, and the 
mixture was irradiated at 150 
º
C (1000 W) for 15 min, followed by 180 
º
C 
(1000 W) for 15 min [206,215]. This method was also followed for the 
digestion of a mixture of Ag and TiO2 NPs. The digested sample was then 
diluted to 25 mL with water, and stored in the refrigerator prior to analysis. 
The recoveries of the known amounts of both types of NPs were >91%. It 
should be pointed out that HF is a very hazardous acid. Therefore, several 
precautions were taken when dealing with HF such as wearing proper personal 
protective equipments (PPE), using fume hood, and accessibility to HF spill 
kit. The solution was then analysed by ICP-OES (Optima 7300 DV, Perkin-





 (the  linear  coefficient of  determination  (r
2
)  of  the  calibration  
curve  was  >0.999), and ICP-MS (Sciex ELAN 9000, Perkin-Elmer, 
Waltham, MA, USA) for the samples in the range from 0.1 µg L
-1





 >0.999).  
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3.2.3 Characterization of Ag and TiO2 NPs 
The morphologies and crystal structures of NPs were determined with TEM 
and SAED spectroscopy, respectively, using a JEM-3010 TEM system (JEOL, 
Tokyo, Japan) at 300 kV. The sample was prepared by air-drying of about 2 
µL on a 200 mesh copper grid coated with carbon film. The PSD was 
estimated by DigitalMicrograph software (Gatan, Inc., Pleasanton, CA, USA). 
At least 200 particles were counted from different areas in a grid. Elemental 
analysis of extracted NPs was performed with EDS (INCA EDS, Oxford 
Instruments, Inc., Bucks, UK) combined with the TEM instrument.  
 The UV–visible absorbance spectra and sedimentation plots (time-
dependent decrease in absorbance as a result of NP settling) were recorded 
with a Synergy Mx microplate and cuvette reader (BioTek, Winooski, VT, 
USA). FTIR spectroscopy was carried out on the pure solid, vacuum-dried, 
and solution phase, samples prepared on KBr pellet or horizontal zinc selenide 
(ZnSe) crystal, using an Excalibur 3100 FT-IR spectrophotometer (Varian, 
Inc., Palo Alto, CA,  USA) with an attenuated total reflectance (ATR) 
accessory. Adsorption kinetics of 11-MUA on the TiO2 NP surface were 
further investigated. One mL of citrate-stabilized TiO2 NP dispersion (100 mg 
L
-1
) was placed onto the ZnSe crystal, and dried in the dark overnight. It was 
then gently flushed with ultrapure water to remove weakly adhered NPs, and 
0.5 mM of 11-MUA was introduced into the ATR cell. FTIR spectra were 
then recorded at different times. 
The zeta (ζ)-potential was measured with a Zetasizer Nano ZS analyzer 
(Malvern, Worcestershire, UK). The intensity-weighted average HDD (z-
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average value) was determined using a DLS analyzer (BIC 90Plus, 
Brookhaven Instruments, Holtsville, NY, USA) equipped with a 35 mW solid 
state green laser (532 nm) at a scattering angle of 90
°
. The DOC concentration 
of the filtered humic acid solution (mg C L
-1
) was determined by a TOC 
analyzer (TOC-5000A, Shimadzu Corp., Kyoto, Japan). 
3.2.4 Selection of reagent type by experimental design 
Before examination of various amounts of reagents on the extraction 
efficiency, the most favorable reagents were determined with the aid of 
multivariate analyses. A three-level OAD, an OA27 (3
13
) matrix and ANOVA 
were employed. Five factors, including the type of alkylamine, mediator 
solvent, extraction solvent, mercaptocarboxylic acid, and surfactant, were 
optimized. The assignment of factors and levels is shown in Table 3-3.  





















1 DCHA Acetonitrile Cyclohexane 3-MPA TBAB 
2 DDA Methanol Toluene MSA TOAB 
3 ODA Ethanol Chloroform 11-MUA CTAB 
 The assigned levels for the factors and interactions and the average 
extraction efficiency as the response are shown in Table 3-4. All experimental 
94 
 
trials were conducted under the following conditions: 1 mg L
-1
 citrate-
stabilized Ag NPs (20 nm particle size), 0.1 mM of mercaptocarboxylic acid, 
mole ratio of amine to acid of 3 (e.g., 0.6 mM of alkylamine in the case of 
MSA), 1 mL of mediator solvent, 1 mL of extraction solvent, 0.1 mM of 
surfactant, 2 mM of NaCl, and pH 8.0. Three sets of samples were prepared 
accordingly. An average of extraction efficiency of triplicate measurements 
(RSD = (4.27 ± 1.6)%)  was calculated and used as a response function. The 
averages of responses (r1, r2, r3) for each variable at different levels were also 
calculated, and are given in Table 3-4. Furthermore, the mean value difference 
(d) (which is defined as the difference between maximum and minimum 
average of responses) of each factor was calculated (see the last row in Table 
3-4). It evaluated the importance of a given factor. As tabulated, four columns 
were assigned to dummy factors (shown as #) to estimate the pooled error 
which indicates whether or not significant factors and/or interactions were 
ignored and/ or experiments were conducted under uncontrolled conditions. 
All experiments were conducted in triplicate, and an average of extraction 
efficiencies was calculated. 
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Table 3-4 OA27 (3
13




Factors & interactions          Response 
A B (A×B)1 (A×B)2 # # D # (A×C)1 C (A×C)2 # E 
1 1 1 1 1 1 1 1 1 1 1 1 1 1 51.3 
2 1 1 1 1 2 2 2 2 2 2 2 2 2 45.7 
3 1 1 1 1 3 3 3 3 3 3 3 3 3 59.1 
4 1 2 2 2 1 1 1 2 2 2 3 3 3 44.2 
5 1 2 2 2 2 2 2 3 3 3 1 1 1 58.8 
6 1 2 2 2 3 3 3 1 1 1 2 2 2 70.4 
7 1 3 3 3 1 1 1 3 3 3 2 2 2 62.3 
8 1 3 3 3 2 2 2 1 1 1 3 3 3 51.9 
9 1 3 3 3 3 3 3 2 2 2 1 1 1 47.9 
10 2 1 2 3 1 2 3 1 2 3 1 2 3 62.7 
11 2 1 2 3 2 3 1 2 3 1 2 3 1 65.5 
12 2 1 2 3 3 1 2 3 1 2 3 1 2 44.3 
13 2 2 3 1 1 2 3 2 3 1 3 1 2 68.2 
14 2 2 3 1 2 3 1 3 1 2 1 2 3 41.2 
15 2 2 3 1 3 1 2 1 2 3 2 3 1 38.3 
16 2 3 1 2 1 2 3 3 1 2 2 3 1 32.8 
17 2 3 1 2 2 3 1 1 2 3 3 1 2 47.6 
18 2 3 1 2 3 1 2 2 3 1 1 2 3 50.8 
19 3 1 3 2 1 3 2 1 3 2 1 3 2 55.4 
20 3 1 3 2 2 1 3 2 1 3 2 1 3 51.2 
21 3 1 3 2 3 2 1 3 2 1 3 2 1 49.4 
22 3 2 1 3 1 3 2 2 1 3 3 2 1 48.4 
23 3 2 1 3 2 1 3 3 2 1 1 3 2 72.3 
24 3 2 1 3 3 2 1 1 3 2 2 1 3 57.3 
25 3 3 2 1 1 3 2 3 2 1 2 1 3 55.2 
26 3 3 2 1 2 1 3 1 3 2 3 2 1 48.4 
27 3 3 2 1 3 2 1 2 1 3 1 3 2 57.8 
r1 54.6 53.8 51.7 51.7 53.4 51.5 53.0 53.7 49.9 59.4 55.4 53.5 49.0  
r2 50.2 55.5 56.4 51.2 53.6 53.8 49.9 53.3 51.5 46.4 53.2 53.3 58.2  
r3 55.0 50.5 51.8 57.0 52.8 54.5 57.0 52.8 58.4 54.0 51.3 53.0 52.6  
d 4.9 4.9 4.7 5.8 0.8 3.1 7.1 0.9 8.5 13.1 4.1 0.5 9.2  
a 
r1, r2, r3: average of responses at level 1, level 2, and level 3; d: difference between 
minimum and maximum average of responses. 
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3.3 Results and discussion 
3.3.1 Preliminary optimization 
The ANOVA results are shown in Table 3-5. The F-ratio values indicate that 
all factors and interactions were significant. The most significant factors and 
interactions (at the 99.9% confidence level) were extraction solvent type, 
surfactant type, and two-variable interactions between alkylamine type and 
extraction solvent type, in that order. The low value of percentage contribution 
(PC) due to the error of 6.10% confirmed that the significant variables were 
considered, and experiments were carried out under controlled conditions. 





Source SS d.f. m.s. F
 
SS' PC (%) 
Alkylamine type (A) 132.1 2 66.0 9.7 
b 
118.5 4.82 
Mediator solvent type (B) 113.9 2 57.0 8.4 
b 
100.3 4.08 





230.3 2 115.2 16.9 
b 
216.7 8.82 
Surfactant type (E) 390.3 2 195.2 28.7 
b 
376.7 15.33 
(A × B) 313.3 4 78.3 11.5 
c 
299.7 12.20 
(A × C) 443.6 4 110.9 16.3 
c 
430.0 17.50 
Pooled errors 54.5 8 6.8  149.8 6.10 
Total 2456.5 26 1018.6  2456.5 100.00 
a
 SS = sum of squares; d.f. = degrees of freedom; m.s. = mean squares; SS'= purified 
sum of squares; PC = percentage contribution. 
b 
Critical value is 18.49 (p <0.001), 
8.65 (p <0.01), 4.46 (p <0.05). 
c 
Critical value is 14.39 (p <0.001) and 7.01 (p <0.01). 
Figure 3-2 demonstrates the average of extraction efficiencies for three 
different types of reagents at the preliminary step of optimization. The level 
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corresponding to the highest extraction efficiency for each factor indicates the 
most favorable reagent. The optimum conditions (Table 3-4, trial #23) were 
obtained with 11-MUA as mercaptocarboxylic acid, ODA as alkylamine, 
methanol as mediator solvent, cyclohexane as extraction solvent, and TOAB 
as phase transfer catalyst (surfactant). Hence, these reagents were used for 
subsequent experiments.  
It is obvious that with the increase in the alkyl chain length of the surface-
modifying reagents, the hydrophobicity of functionalized NPs increases. This 
prevents dispersion of these NPs in a hydrophilic medium like water, and 
enhances their partitioning into a non-polar organic solvent such as 
cyclohexane. The mediator solvent (e.g., methanol) with the aid of 
ultrasonication was used to disperse 11-MUA and ODA in water. Methanol 
reduces the surface tension at the water/11-MUA interface [216], and provides 
enough contact with NPs for efficient ligand exchange and ion-pair adduct 
formation.  
Cationic surfactants have been studied as catalytic phase transfer agents 
due to their amphiphilic properties and electrostatic interactions [93,107]. Our 
results showed that TOAB was more efficient because it contained four n-
octyl groups which facilitated the phase transfer of hydrophobized NPs from 
the water-solvent interface to the organic phase. We observed that other 
surfactants resulted in incomplete phase separation and/or attachment of the 
NP-incorporated organic layer to the tube wall, giving rise to the loss of 




Figure 3-2 Effects of significant factors (p <0.05) at three levels (refer also to 
Table 3-4) on the extraction efficiency (average of responses ± SD) at the 
preliminary step of optimization. 
3.3.2 Effects of pertinent parameters 
Several parameters were investigated to find optimum conditions that gave 
both high extraction efficiencies and enrichment factors. Based on the 
optimum conditions obtained at each step, the experimental conditions (except 
the variable parameter) were fixed. Table 3-6 summarizes the optimization 
steps. 
 Figure 3-3 depicts the effects of variation of these parameters on the 
extraction efficiency of 1 mg L
-1
 citrate-stabilized Ag NPs (20 nm particle 
size). The ζ-potential of Ag NPs at different pH levels was measured before 
addition of alkylamine, and is shown with extraction efficiency in Figure 3-3a. 
At pH 8.0, the surface-adsorbed 11-MUA is deprotonated (surface pKa 
(carboxylic head) ~7.3), like adsorbed 3-MPA and MSA (pKa, 3-MPA: 4.34; 













(3.0 – 10.0) 
11-MUA: 0.1 mM; ODA: 0.3 mM; Methanol: 1 mL; Cyclohexane: 1mL; TOAB: 0.1 mM; adsorption time: 3 h 8.0 
2 Adsorption time 
(15 min – 360 min) 
11-MUA: 0.1 mM; ODA: 0.3 mM; Methanol: 1 mL; Cyclohexane: 1mL; TOAB: 0.1 mM; pH = 8.0 2 h 
3 TOAB concn. 
(0 – 1 mM) 
11-MUA: 0.1 mM; ODA: 0.3 mM; Methanol: 1 mL; Cyclohexane: 1mL; pH = 8.0; adsorption time: 2h 0.05 mM 
4 11-MUA concn. 
(0 – 2 mM) 
ODA: 0.3 mM; Methanol: 1 mL; Cyclohexane: 1mL; TOAB: 0.05 mM; pH = 8.0; adsorption time: 2h 0.5 mM 
5 ODA/MUA 
(0 – 10 mol/mol) 
11-MUA: 0.5 mM; Methanol: 1 mL; Cyclohexane: 1mL; TOAB: 0.05 mM; pH = 8.0; adsorption time: 2h 3 
6 Methanol vol. 
(0 – 2 mL) 
11-MUA: 0.5 mM; ODA:  1.5 mM; Cyclohexane: 1mL; TOAB: 0.05 mM; pH = 8.0; adsorption time: 2h 1 mL 
7 Cyclohexane vol. 
(70 µL – 1000 µL) 
11-MUA: 0.5 mM; ODA: 1.5 mM; Methanol: 1mL; TOAB: 0.05 mM; pH = 8.0; adsorption time: 2h 150 µL 
a Na2S2O3: 2 mM;
 Sonication time: 2 min; Centrifugation time: 10 min 
 100 
 
Citric acid is also fully deprotonated at pH >6.4, and its surface coverage 
is decreased [168]. It may contribute to the higher ligand exchange rate with 
11-MUA. The pKa’s of the alkylamines are above 9.0 (e.g., pKa (ODA) = 
10.6), and therefore, they are protonated at this pH, and non-polar acid–base 
pairs are formed due to the enhanced electrostatic attractive interaction [103]. 
The electrostatic attraction between NP surface and alkylamine was enhanced 
at higher negative ζ-potentials (Figure 3-3a). The thiolate group (–SH) adsorbs 
onto the NP surface through formation of strong S–Ag covalent bond [208]. 
The pKa of the –SH group has been reported to be about 11 [219]. The 
decrease in extraction efficiency under acidic and basic conditions could likely 
be attributed to the dissociation of the acid-base pair, giving rise to its reduced 
association with NP surface and organic solvent.  
Figure 3-3b illustrates the effect of NP-surface adsorption (ligand 
exchange) kinetics of 11-MUA on the extraction efficiency. The extraction 
efficiency was not greatly increased (<2%) after 120 min. Hence, this time 
was selected as the optimum for subsequent experiments. TOAB was added 
into cyclohexane as the phase transfer agent. It enhanced the phase separation 
and extraction of Ag NP-incorporated flocs into the organic phase. As shown 
in Figure 3-3c, the extraction efficiency was significantly lower in the absence 
of TOAB, and ion-pair adducts were not completely transferred into the 
organic phase. A cloudy state observed after centrifugation further confirmed 
this partial phase separation. However, when TOAB concentration exceeded 
0.05 mM, the extraction efficiency decreased, arising from loss of analyte 
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during the collection of organic phase, most likely due to the effect of foam 
formation. 
 
Figure 3-3 Effects of variations of influential factors on extraction efficiency 
of Ag NPs. (A) Effects of sample pH on zeta potential and extraction 
efficiency. (B) Effect of 11-MUA adsorption time. (C) Effect of TOAB 
concentration. (D) Effect of 11-MUA concentration. (E) Effect of ODA to 11-
MUA mole ratio. (F) Effect of mediator solvent volume. (G) Effects of 




The concentration of 11-MUA also influenced the extraction efficiency 
(Figure 3-3d). The optimum concentration (0.5 mM) was found to be 
sufficient for efficient ligand exchange with citrate. It was further confirmed 
by FTIR spectroscopy. The surface coverage of a ligand (e.g., 11-MUA) 
(molecules cm
-2
) at equilibrium can be estimated from the amount of the 
adsorbed ligand and the total surface area of the added NPs, and fitted to an 
isotherm model like Langmuir [220] (although it was not the aim of this 
study).
  
As shown in Figure 3-3d, citrate-Ag NPs were not extracted into the 
organic phase efficiently ((32.6 ± 3.6)%), due to their enhanced hydrophilicity 
and water dispersibility. Figure 3-3e shows the effect of mole ratio of ODA to 
11-MUA. Interestingly, the extraction efficiency was not satisfactory at 1:1 
stoichiometric ratio (~59%). It depends on the availability of carboxylic acid 
group moieties on the NP surface [103]. Furthermore, the excess alkylamine 
might be needed to fully attract all the carboxylate groups present in the 
medium (bound and unbound) to yield acid–base pairs with increased 
hydrophobicity.  The best extraction efficiency was obtained at the mole ratio 
of 3:1. 
The volume of mediator solvent was important since effective contact of 11-
MUA with adsorbed citrate for ligand exchange in water and subsequent 
interaction with ODA, was controlled by methanol [216]. It further dispersed 
the organic solvent to extract hydrophobic compounds in water, as has been 
used extensively in dispersive liquid-liquid microextraction (DLLME) [111]. 
Figure 3-3f shows that with the aid of ultrasonication, a total volume of 1 mL 
of methanol yielded high extraction efficiency. At higher volumes, the water 
dispersibility of floc and organic solvent would likely be enhanced, leading to 
103 
 
incomplete phase separation. The effects of extraction solvent volume on the 
extraction efficiency and enrichment factor are illustrated in Figure 3-3g. 
Cyclohexane, a non-polar solvent, was found to be the most favorable organic 
solvent in the extraction of the NP-incorporated floc. The higher extraction 
efficiencies were attained at larger quantities of cyclohexane (ca. 250 and 500 
µL). However, as observed in Figure 3-3g, the enrichment factor was 
decreased as a result of increased organic phase volume (dilution effect). The 
enrichment factor was in the range from 10.1 to 106.6 for 1000 to 100 µL of 
cyclohexane. The volume of 150 µL was selected because the optimum 
extraction efficiency ((78.6 ± 3.8)%) and enrichment factor (~97) were 
obtained at this volume.  
3.3.3 Effects of ultrasonication and centrifugation 
Ultrasonication has been proven to enhance dispersion of the extraction 
solvent in DLLME in the absence of a disperser solvent [111]. However, as 
described earlier, a mediator was required to fetch the reagents into a 
hydrophilic medium, and bring them into contact with the NP surface for 
effective ligand exchange. As can be seen in Figure 3-4 (top), without 
ultrasonication, the NP surface modification was not very efficient, and some 
Ag NPs remained dispersed in water. Our results showed that 3 min 
ultrasonication was enough to enhance the interfacial area between citrate-Ag 
and 11-MUA in the first step, and Ag-MUA and ODA in the second step. 
Prolonged ultrasonication caused the sample to heat up, and might lead to 
desorption of the ligand [221]. The ultrasonication after addition of 
cyclohexane and TOAB resulted in the formation of a very stable cloudy state 
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and foam (even after centrifugation). Thus, very low extraction efficiency 
(<60%) was obtained. This might be attributed to the presence of methanol 
which readily dispersed the extraction solvent.  
 
 
Figure 3-4 Effects of ultrasonication (top), and centrifugation time (bottom), 
on the extraction efficiency of Ag NPs. 
Several microemulsions were formed upon quick injection of the organic 
solvent into water for efficient mass transfer of hydrophobic NP-flocs into the 
solvent. As a result, the sample turned opaque (cloudy state). Centrifugation 
facilitated the separation of the organic phase. The optimum centrifugation 
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time was found to be 10 min, while longer centrifugation did not greatly 
enhance the extraction efficiency (see Figure 3-4 (bottom)). 
The best extraction efficiencies of 78.6 and 73.7% were obtained with 0.5 
mM of 11-MUA, 1.5 mM of ODA, 1 mL of methanol, 150 µL of cyclohexane, 
0.05 mM of TOAB, pH 8.0, adsorption time of 2 h, ultrasonication time of 3 
min, and centrifugation time of 10 min, for 1 mg L
-1
 citrate-stabilized Ag NPs 
(20 nm particle size) and TiO2 NPs, respectively. The enrichment factors were 
97 and 83 for Ag and TiO2 NPs, respectively. The enrichment factors of about 
100 and 202 were previously reported for Ag NPs with the cloud point 
extraction (CPE) [115,119] and ionic exchange resin (by passing a high 
volume of sample through a solid substrate), respectively [204]. While the size 
of NPs and environmental interferences influenced the efficiency of both 
methods [118], the second method further needed a long time (>42 h) for the 
efficient desorption of the NPs from the resin.  
3.3.4 Effects of NP size and concentration 
The proposed extraction method was able to separate and enrich various sizes 
of Ag NPs. As shown in Table 3-7, extraction efficiency was >75% for three 
sizes of 1 mg L
-1
 of Ag NP suspensions. The TEM and SAED experiments 
before and after extraction confirmed that the size, shape, and crystal structure, 
of Ag NPs were preserved in these samples. As previously reported, toluene 
with a low concentration of TOAB separated small Ag NPs, whereas 
chloroform with a high concentration of TOAB could separate the bigger NPs 
[98,99]. Since, in this work, highly hydrophobic acid-base pairs were formed 
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on the NP surface, various sizes of Ag NPs were efficiently transferred into 
cyclohexane. The current method also enabled extraction of Ag NPs at 
different concentration levels. The recoveries of 64.4, 71.6, 80.4, and 76.3%, 
were achieved at 20 µg L
-1
, 200 µg L
-1
, 2 mg L
-1
, and 20 mg L
-1 
Ag NPs, 
respectively.   










APS (nm) after 
extraction 
20 nm 77.4 ± 3.7 16.6 ± 5.4 18.4 ± 7.3 
40 nm 80.3 ± 2.2 36.2 ±  7.2 39.5 ±  6.6 
60 nm 75.2 ± 5.1 54.1 ±  9.0 58.3 ±  11.4 
a 
APS: average particle size  
Figure 3-5 shows a photograph of 50 mg L
-1
 of 11-MUA-functionalized 
TiO2 NP suspension before and after addition of ODA at optimum levels. It 
clearly demonstrates the isolation of insoluble NP-incorporated floc as the top 
layer in water; the hydrophobic NPs were no longer dispersible in water. 
 
Figure 3-5 Photograph of 50 mg L
-1
 of 11-MUA-functionalized TiO2 NP 
suspension before (A), and after (B), addition of ODA. The white layer in B 
contains NP-incorporated flocs. 
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3.3.5 Effects of environmental factors 
ENMs are manufactured with various coating chemicals for specific 
applications. They can undergo several transformations when released to the 
environment such as coating/ligand exchange with stabilizing molecules like 
polymers, surfactants, and NOM [2]. Ag and TiO2 NPs may exhibit behaviors 
like aggregation, sedimentation, adhesion, surface oxidation (Ag2O 
formation), sulfidation (silver sulfide (Ag2S) formation), and dissolution 
[205,222]. Hence, the robustness of the optimized extraction method was 
studied under some potential environmental conditions. As demonstrated in 
Figure 3-6, the coated NPs with citrate, PVP10, PEG 10,000, and TX-100, 
were extracted to some extent into the organic phase, depending on their 
degree of hydrophobicity. However, after the addition of 11-MUA, a strong 
ligand bond with the NP surface was formed through the –SH group, and 11-
MUA was exchanged with these ligands, and very hydrophobic acid-base 
pairs were formed upon addition of ODA, thereby yielding high extraction 
efficiencies.  
The recoveries were very low for all forms of the coated Ag NPs (e.g., 
~28% for the PVP-coated Ag NPs). The ligand exchange with 11-MUA alone 
would also enhance the hydrophilicity of the Ag NP surface. Furthermore, 
possible sulfidation (Ag2S formation) [223] and encapsulation of Ag2S with 
e.g., PVP 10 [224] would likely reduce the association of the coated Ag NPs 
in the organic phase. The hydrophobicity was greatly enhanced upon addition 
of ODA through interaction between the ammonium group of ODA and the 
carboxylate group of 11-MUA under optimum conditions. Furthermore, it has 
been reported that 11-MUA can inhibit the NP surface oxidation and 
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dissolution through exclusion of oxygen from active sites [225]. We also did 
not observe enhanced Ag NP dissolution (20-nm size, citrate-coated) after 2 h 
equilibration with 11-MUA. These could increase the recovery of the resultant 
coated Ag NPs in the organic phase. 
The adsorption coefficient, kads, is determined for the most fitted 
adsorption isotherm such as Langmuir [219] for the adsorption of a coating 
chemical (e.g., organic acid) onto the NP surface. When several coatings are 
introduced to a bare or surface-modified NP, they compete with one another to 
adsorb onto the NP surface or exchange with the currently adsorbed ligand, on 
account of their surface adsorption energies [191]. Hence, the surface-binding 
strength of a ligand may vary. Several studies have shown a surface-binding 
strength order of thiolate > amine > carboxylate (–SH > –NH2 > –COOH) [90, 
226–228]. The binding affinity of a ligand has further been determined by 
nuclear magnetic resonance (NMR) spectroscopy, based on the change in 
chemical shift (of  e.g., protons) [226,229].  
Indeed, some environmental factors such as pH and temperature as well as 
NP morphology and crystal structure will influence ligand sorption. The 
results (Figure 3-6) indicate that big molecules like PEG 10,000, which 
efficiently disperse NPs in water and induce hydrophilicity, would decrease 
the extraction efficiency. TX-100 as a nonionic surfactant would likely 
interact with the NP surface [230] and organic solvents, [231] and interfere in 




Figure 3-6 Effect of coating chemical on the extraction efficiencies of 1 mg L
-
1
 Ag and TiO2 NPs. 
NOM (like humic and fulvic acids) is ubiquitously present [2] in the range 
from a few mg C L
-1
 to >20 mg C L
-1 
in natural waters. It adsorbs onto NP 
surface and stabilizes NPs in natural waters. Such these large molecules 
consist of several phenolic and carboxylic groups. Hence, their adsorption on 
the NP surface prevents efficient hydrophobization and transference of NPs 
into organic phase due to the enhanced hydrophilicity and steric effects. They 
may also bind ions (e.g., released Ag
+ 
from Ag NP) [232]. Pre-treatment of 
samples with H2O2 was previously found to partially degrade organic matter 
[183].
 
Hence, to the sample suspension, aliquots of filtered humic acid 
solution (as NOM surrogate) were added. The sample was then spiked with 
H2O2, and the mixture was agitated at 200 rpm in the dark for 2 h at pH 8.0 
and room temperature (~23
 º
C). The photocatalytic effects of Ag and/or TiO2 
NPs on the oxidation of organic carbon are also worthy of attention. However, 
they were omitted to inhibit any photo-induced process [168].
 
Figure 3-7 (top) 
depicts the interference posed by humic acid on the extraction. The effect of 
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H2O2 level on the extraction efficiency was studied in the presence of 20 mg C 
L
-1
 humic acid as DOC (Figure 3-8 (top)). The highest extraction efficiency 
was observed at 2% w/v of H2O2. The excess H2O2 remaining after 2 h, might 
oxidize the reagents as well as Ag NPs, and interfere in the extraction. The 
NOM decomposition also depends on factors such as time, temperature, and 
pH. These factors were fixed in experiments. With the aid of pre-treatment 
with 2% w/v of H2O2, 5 mg C L
-1
 of DOC did not significantly reduce the 
extraction efficiency (<5%; see Figure 3-7 (top)). 
In addition to the presence of silver ions (Ag
+
) in natural waters, Ag NPs 
(and/or Ag2O) are also dissolved in water. The Ag NP solubility depends on 
the NP size, concentration, pH, temperature, and time [222]. The dissolved 
portions during the experiments were found to be negligible at the time and 
conditions studied. The pH levels of working suspensions were in the range of 
7.1 – 7.6. The dissolved oxygen levels varied between 7.8 and 8.3 ppm for 
ultrapure water used for the preparation of the NP suspensions. It is 
acknowledged that the dissolved oxygen may result in the oxidative 
dissolution of Ag NPs [222]. The dissolution of Ag NPs was measured in the 
working suspensions used for the extraction to account for the loss of Ag NPs 
as Ag dissolved species which was smaller than 2%. The possibilities of 
extraction of Ag
+
 and co-extraction with Ag NPs (as reported previously due 
to the NP surface adsorption) [115] were further investigated. Since citric acid 
and 11-MUA coordinate with metal ions [227], they may enable the extraction 
of Ag
+
. Our results showed that Ag
+
 alone was partially extracted into the 
organic phase (<10%). The electrostatic attraction between carboxylate and 





functional groups in the extracted floc. The extent of the Ag
+ 
extraction also 
relates to the mole ratio of the ligands to Ag
+
 and the charge (hydrophilicity) 
of the resultant complex. Nonetheless, Ag
+
 interfered in the extraction, as 
shown in Figure 3-7 (bottom).  
 
Figure 3-7 Effect of dissolved organic carbon on the extraction efficiency of 1 
mg L
-1
 Ag NPs without/with pre-treatment with H2O2 (top). Effect of Ag
+
 on 
the extraction efficiency of 1 mg L
-1




The application of masking agents to coordinate with ions, and therefore, 
avoid their adsorption onto NP surface and co-extraction, has been reported 
previously [115,120]. Based on the complex formation constant (kf), Ag
+
 
forms very stable complexes with cyanide and thiosulfate. Since cyanide was 
toxic, Na2S2O3 was employed as the masking agent. It was also used to 

























































Figure 3-8 Effect of H2O2 pre-treatment on the extraction efficiency of 1 mg 
L
-1
 Ag NPs in samples containing 20 mg C L
-1 
humic acid as DOC (top). 
Effect of Na2S2O3 addition on the apparent extraction efficiency (bottom). To 




, 1 mg L
-1









, log kf = 13.2) compared to citrate and 11-MUA (log kf of 7–8) 
[233]. Thus, the effect of addition of Na2S2O3 on the apparent extraction 
efficiency of 1 mg L
-1





investigated (Figure 3-8 (bottom)). The masking agent was added after 




 was able to adsorb onto 
the NP surface before complexation with Ag NPs. This presumably occurs in 
natural waters upon introduction of Ag NPs. The optimum concentration of 10 










, the apparent extraction efficiency was slightly increased (~5%). Since 
Ag
+
 was completely converted into [Ag(S2O3)2]
3- 
in the presence of excess 
thiosulfate (ca. 10 mM), addition of TOAB (containing bromide ions) would 
not lead to the formation of AgBr precipitate (Ksp = 3.3 × 10
-13
). 
The effects of ionic strength and temperature were also examined. The 
type of salt (NaCl or Na2S2O3) did not influence the extraction. To increase the 
ionic strength of the solution, either one could be used. We chose Na2S2O3. 
The salt content slightly increased the extraction efficiency (~4% with 10 mM 
of Na2S2O3) which was close to the standard deviation of the results (see 
Figure 3-9). Overall, no significant variation in the extraction efficiency was 
observed at the salt content levels applied in this study (0 – 20 mM). The salt 
concentration was not too high (ca. >1% w/w) to increase the polarity of the 
medium, help hydrophobic floc to prtition in cyclohexane, and exert a salting-
out effect such as observed in DLLME [111]. However, association of the NP-
incorporated floc with the organic solvent might be enhanced with increase in 
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the ionic strength of the medium. It should be noted that the higher salt content 
(e.g., 100 mM) may cause NP aggregation. The change in sample temperature 
during NP surface functionalization and extraction from 23–40 ºC also did not 
markedly influence the extraction. The higher temperatures were not examined 
due to the possibility of, enhanced Ag NP aggregation, dissolution, and 




























Figure 3-9 Effect of salt content on the extraction efficiency of Ag NPs.
 
3.3.6 Characterization of Ag and TiO2 NPs 
The behavior and fate of the NPs were investigated to ensure that the current 
NP surface modification and solvent extraction did not alter the original state 
of these NPs in the aqueous environment. TEM with SAED and EDS 
experiments were conducted to investigate the morphologies and compositions 
of the NPs before and after extraction. Figure 3-10 illustrates TEM 
micrographs and SAED patterns of citrate-coated Ag NP suspensions with 







Figure 3-10 TEM images of 1 mg L
-1
 Ag NP suspensions before (A, C, E), 
and after (B, D, F), extraction into the organic phase, with 20 nm (A, B), 40 




 SAED patterns of Ag NPs are similar in both phases, suggesting the 
preservation of the crystal structure, face-centered cubic (fcc), during surface-
functionalization and extraction, as indicated by the Bragg reflection planes of 
(111), (200), (220), and (311) (see Figure 3-11) [234]. 
  
Figure 3-11 SAED patterns with Bragg reflection planes of Ag (left), and 
TiO2 (right), NPs. 
 PSD histograms of the Ag NP suspensions (Figure 3-12) confirmed that 
the changes in the NP sizes were insignificant. Figure 3-13a and 3-13b show 
the TEM images of a mixture of Ag and TiO2 NPs (100 µg L
-1
 each) with 
SAED patterns of TiO2 (when solely extracted) in the aqueous and organic 
phases. The SAED pattern exhibited a pure anatase crystal structure (the 
Bragg planes of (101), (004), (200), (105), (211), and (204); refer also to 







Figure 3-12 PSD histograms of 1 mg L
-1
 Ag NP suspensions before (A, C, E), 
and after (B, D, F), extraction into the organic phase, with 20 nm (A, B), 40 
nm (C, D), and 60 nm (E, F) particle sizes. 
18.4 ± 7.3 nm 16.6 ± 5.4 nm 
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The elemental analysis of the enriched NP mixture is illustrated in Figure 
3-13c. As shown in the EDS spectrum, both types of NPs were extracted into 
the organic phase. The peaks corresponding to sulfur and bromine are 
attributed to the presence of 11-MUA (and Na2S2O3) and TOAB, respectively. 
Sodium originated from the addition of Na2S2O3, and the pH adjustment with 
NaOH. The typically weak peak corresponding to nitrogen was not detected 
(at about 0.4 keV), presumably due to the high intensity of the carbon peak.  
 
Figure 3-13 TEM images of a mixture of 100 µg L
-1
 citrate-stabilized Ag and 
TiO2 NPs with SAED patterns of TiO2 NPs in aqueous phase (A), and organic 
phase (B). EDS spectrum of the extracted NPs (C). 
The UV–visible spectra of both the citrate-stabilized Ag and TiO2 NPs 
were obtained in the aqueous and organic phases, and are illustrated in Figure 
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3-14. The SPR peaks at about 401 and 368 nm were observed for Ag and TiO2 
NPs, respectively. A redshift in wavelength (11 nm) was observed for Ag NPs 
in the cyclohexane, likely due to the change in the refractive index of the 
suspension medium compared to that in the aqueous phase [107].  
 
Figure 3-14 UV–visible spectra of 1 mg L-1 Ag NPs (top), and 5 mg L-1 TiO2 
NPs (bottom), before and after extraction into the organic phase (diluted by 
cyclohexane), and after extraction in the aqueous phase. 
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The peak width is an indication of PSD which was broader in the organic 
phase. The successful transfer of both types of NPs was confirmed with the 
disappearance of the SPR peak in the UV–visible spectra of the aqueous 
phase, after extraction. 
The stability of Ag NPs in the organic phase (diluted to 10 mL by 
cyclohexane) was compared with that in the aqueous phase by recording the 
time-dependent decrease in the absorbance at the wavelengths corresponding 
to the SPR peaks (412 and 401 nm, respectively). The sedimentation plots 
(Figure 3-15) indicated that the discrepancy was not significant. It probably 
originated from the change in viscosity and refractive index of the suspension 
medium and increase in HDD, arising from the Ag NP surface modification 
with large acid–base pair molecules. DLS measurements indicated that the 
extracted Ag NPs have bigger HDDs (mean HDD of 58 nm), compared with 












Aqueous phase @ 401 nm
Organic phase @ 412 nm
 
Figure 3-15 Sedimentation plots of Ag NPs before and after extraction into 
the organic phase (diluted by cyclohexane). 
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In general, the coated NPs were kept separated before and after ligand 
exchange and acid-base pair formation, due to electrostatic and steric effects 
of the adsorbed ligands (or pairs), and no significant NP aggregation and 
instability was observed, based on the TEM and sedimentation results. 
Furthermore, under the optimum conditions of pH, ionic strength, and reagent 
levels, the coated Ag NPs did not aggregate during and after extraction since 
they were electrostatically or sterically stabilized, and the additive contents 
were low. 
The extracted Ag NPs were stored in the organic phase over 30 days 
without significant changes in the size and concentration (see Figure 3-16 for 
the TEM image and PSD of the extracted NPs after 30 days of storage). The 
average particle size of the stored NPs in the organic phase after this period 
(20.6 ± 6.6 nm) agreed with that for the first day (18.4 ± 7.3 nm).  
  
Figure 3-16 TEM image (left), and PSD histogram (right), of Ag NPs in the 
organic phase after 30 days of storage. 
The UV–visible spectra of Ag and TiO2 NPs over 30 days with full width 
at half maximum (FWHM) of Ag NPs as a function of time, estimated from 
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the UV–visible spectral data, are illustrated (Figure 3-17). The FWHM shows 
polydispersity and PSD of the extracted NPs [100]. As shown, the measured 
FWHM values did not vary greatly within this period of storage. A slight 
decrease in the SPR peak intensity at longer storage might have originated 
from the loss of analyte as a result of adhesion to the vessel wall and 
sedimentation. Furthermore, Ag NP surface might be oxidized and hydrolyzed 















































Figure 3-17 UV–visible spectra of extracted 1 mg L-1 Ag NPs in the organic 
phase at different storage times (top), and the corresponding FWHM as a 
function of storage time (bottom). 
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The NP surface adsorption, ligand exchange, and interactions between 
functional groups (such as between –COO- and –NH3
+
) were further 
investigated using FTIR spectroscopy. Figure 3-18 and Table 3-8 show FT-IR 
spectra of pure, adsorbed (Ag NP-MUA), and paired, 11-MUA (with ODA, 
Ag NP-floc), and assignment of peaks, respectively. Our results showed that 
the optimum adsorption time was 120 min (refer to Figure 3-3b). The 
comparison of FT-IR spectra of Ag NP-MUA with pure 11-MUA indicated 
that the peak corresponding to S–H (2565 cm-1) was weakened in the former 
[228]. A peak at 1634 cm
-1
 for Ag NP-floc is a characteristic peak of amide 
carbonyl stretching vibration, arising from complexation of ODA with 
adsorbed 11-MUA [103].  
Figure 3-18 FTIR spectra of pure 11-MUA (solid sample), Ag NP-MUA 











1156 (N–C–O) stretch 
1177 (C–OH) stretch 
1314 (O═C–O-) bend 
1381 (C–N–C) symmetric stretch 
1424 (COO
-
) symmetric stretch 
1467 methylene bend  
1581 (N–H) bend 
1634 (C═O) amide stretch 
1696 (C═O) acid stretch 
2565 (S–H) stretch 
2850 methylene symmetric stretch 
2918 methylene asymmetric stretch 
3414 (O–H) stretch 
3445 (N–H) stretch 
 
The adsorption kinetics of 11-MUA on citrate-stabilized TiO2 NP surface 
were further investigated in the solution phase FT-IR with ATR cell. As 
shown in Figure 3-19, the peak intensity at 2565 cm
-1 
was decreased over time. 
After 120 min, the adsorption (ligand exchange with citrate) reached 


































Figure 3-19 ATR-FTIR spectra of TiO2 NP-MUA at different times (top), and 
the normalized peak height corresponding to S–H stretch (2565 cm-1) as a 
function of time (bottom). 
3.3.7 Method validation 
The LODs at zero NP concentration analyzed by ICP-MS, were 0.02 and 0.07 
µg L
-1
 for Ag and TiO2 NPs, respectively, calculated from the maximum 
height of the prediction interval at zero NP concentration (maximum signal 
intensity of the blank sample) using calibration lines [196]. The number 






 for Ag 
and TiO2 NPs, respectively. The method detection limit was calculated from 
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the signal intensity of the unspiked samples after extraction and microwave 
digestion. They were 0.05 and 0.13 µg L
-1
 for Ag and TiO2 NPs, respectively. 
The precision of the method, expressed as the relative standard deviations for 
the measurements of identically prepared 2 µg L
-1
 Ag NP suspensions at three 
consecutive days (five replicates each, n = 15) was 9.2%. The intra-day 
precision was found to be in the range from 3.4% to 7.1% (n = 5), and the 
inter-day precision was 8.5% (n = 3). 
 Standard addition approach with the known concentrations of the NPs 
mixture ranging from 0.2 (0.4 for Ti) to 10 µg L
-1
 (as Ag and Ti) was used for 
both laboratory-prepared and genuine water samples containing 2 µg L
-1
 of 
each NP, and results were compared with the measurements based on the 
ordinary calibration method. The difference between the results of each 
sample was evaluated by one-way ANOVA. The significant difference at the 
95% confidence level was observed for canal water (II) sample, suggesting 
that it was necessary to apply the standard addition technique for the samples 
with complex matrices (see also Table 3-2). Hence, this approach was 
employed for genuine water samples.  
3.3.8 Separation of Ag and TiO2 NPs in natural waters 
To investigate matrix effects, the optimum conditions were further applied to 
extract these NPs in natural waters. Tap and canal waters were used to 
evaluate the developed approach in the real aqueous matrices. There was also 
the possibility of the contamination of the canal waters in residential area as a 
result of discharging effluents and wastes containing e.g., consumer products 
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with these NPs. The genuine water samples were filtered through a 0.45-µm 
syringe filter, and spiked with the known amounts of citrate-Ag and TiO2 (as 
Ti) NP dispersions (20 mg L
-1 
each) under 15 min ultrasonication, to yield 
well-dispersed and homogenized sample suspensions with final concentrations 
in the range from 2 µg L
-1
 to 100 µg L
-1
. They were then pre-treated with 2% 
w/v H2O2. Since these samples contained 0.9 – 3.8 mg C L
-1
 as DOC (see 
Table 3-2), the NPs were added prior to the pre-treatment to investigate the 
effect of adsorption of NOM onto the NPs. The samples containing NPs were 
also extracted without pre-treatment with H2O2. The latter conditions resulted 
in the reduction of the extraction efficiency of 3–7% compared with the 
former conditions. NOM may cause NP aggregation in natural waters as a 
result of bridge formation among NPs [236]. It can also adsorb onto the NP 
surface and/or exchange with the currently adsorbed ligand, prevent efficient 
ligand exchange, and consequently reduce the recovery of NPs in the organic 
phase, as found for citrate-coated Ag NPs (Figure 3-7). NOM was further 
reported to degrade the adsorbed ligand [222]. In the current work, NOM was 
found to stabilize the coated Ag NPs at the low levels of the electrolytes (see 
Table 3-2), as observed previously [237]. 
Aliquots of 0.2 M of Na2S2O3 were added to the samples to obtain a salt 
content of 10 mM Na2S2O3. It is worthy to note that the Ag
+
 content of 





, respectively [238]. The presence of TiO2 NPs was also reported 
in the concentration level of µg L
-1
 in facade and urban runoff [205]. Table 3-9 
shows the relative recoveries of both types of NPs on the basis of total Ag and 
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Ti contents. The recoveries were in the range from 69.0% to 85.1% for Ag 
NPs, and from 61.5% to 78.5% for TiO2 NPs.  


































N.D.   
 10 7.4 ± 0.5 6.7 ± 0.4 74.0 ± 5.0 67.0 ± 4.0 
Tap water
 **





 2 1.43 ± 0.09 1.30 ± 0.12 71.3 ± 4.5 65.0 ± 6.0 
 10 7.7 ± 0.6 6.4 ± 0.8 77.0 ± 6.4 64.0 ± 8.0 




0 0.22 ± 0.03 1.15 ± 0.18   




0 0.27 ± 0.04 0.94 ± 0.12   
 2 1.68 ± 0.18 2.17 ± 0.23 70.5 ± 8.3 61.5 ± 7.0 
 10 7.7 ± 0.4 8.2 ± 0.7 74.3 ± 4.5 72.6 ± 6.1 




0 0.18 ± 0.04 1.28 ± 0.10   




0 0.13 ± 0.02 1.21 ± 0.14   
 2 1.51 ± 0.14 2.54 ± 0.31 69.0 ± 6.3 66.5 ± 9.2 
 10 7.4 ± 5.6 8.4 ± 5.2 72.7 ± 5.5 71.9 ± 4.4 
 100 80.4 ± 8.2 74.2 ± 7.8 80.3 ± 8.1 73.0 ± 7.0 
a 
*: without filtration, **: with filtration; 
b 





Since the water chemistry of the samples may influence the NP surface 
adsorption and electrostatic interactions, the obtained recoveries were 
satisfactory regarding the low levels of the spiked NPs. It should also be noted 
that the optimum conditions were applied for both Ag and TiO2 NPs to 
determine a mixture of these NPs at trace levels in the genuine water samples. 
Furthermore, although NP behaviors could be influenced by the sample 
matrix, they were controlled under the optimum conditions.  
As can be seen in Table 3-9, the extraction efficiencies without filtration 
were not significantly different from those after filtration, suggesting that the 
current approach was able to extract NPs in the presence of other natural 
(sub)micron-sized particles, and ICP-MS enabled detection of the elements of 
interest with high sensitivity and selectivity. The total Ag content was 
determined to be in the range from 0.13 to 0.27 µg L
-1
, whereas the total Ti 
contents were in the range from 0.94 to 1.28 µg L
-1
. While the current 
extraction and preconcentration approach that was combined with ICP-MS 
enabled us to show the presence of these materials in the canal water samples, 
TEM and EDS experiments were unable to detect Ag and TiO2 NPs in the 
organic phase, probably due to their low particle count and/or small sizes. The 
Ag content might also have originated from Ag
+
. The collected organic phase 
of the canal water II sample (10 µg L
-1
 of spiked NPs) was visualized with 
TEM, and the elements were determined with EDS (Figure 3-20). The TEM-
measured APS of the solely extracted Ag NPs (primary diameter of (17.9 ± 
4.2) nm) in canal water (II) sample after extraction was (22.3 ± 5.1) nm, larger 
than those in the laboratory-prepared sample (refer to Table 3-7). It might 
have originated from partial Ag NP surface oxidation (as confirmed by EDS) 
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after pre-treatment with H2O2, and the effects of water chemistry of the sample 
matrix on the NP behavior.  
 
 
Figure 3-20 TEM image of river water (canal II sample) spiked with 10 µg L
-1
 
of Ag and TiO2 NPs after extraction into the organic phase (left), and EDS 
spectrum of the organic phase (right). 
It is worthwhile to note that the NP spiking protocol and extraction 
conditions of natural water samples were similar to those of the laboratory-
prepared water samples. Hence, the time needed for dispersion of NPs in water 
(15 min), surface functionalization (2 h), NP-incorporated floc formation, 
solvent extraction, and collection of organic phase (totally about 30 min), were 
applied as the kinetics of adsorption, interaction, and NP behavior in these 
samples. The kinetics of adsorption was expected to be affected by sample 
matrix and the delay between spiking and extraction of NPs. However, the 
results of extraction efficiency showed that the immediate NP surface 
hydrophobization and solvent extraction were still efficient in environmental 
media. We further extracted the NPs after 24 h of spiking them (100 µg L
-1
 
each) into the samples. While the NP aggregation state was not altered 
markedly (as confirmed by DLS), likely due to stabilization by citrate [237], 
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Ag NPs were partially dissolved up to 18 µg L
-1
 after 24 h. The extraction 
efficiency of the remained NPs decreased about 6 – 8% after this period of 
delay, compared with those extracted immediately after addition into the 
samples. This study demonstrated that the hydrophobization and solvent 
extraction of NPs were not greatly influenced by the sample matrix. 
3.4 Conclusion 
For the first time, quantitative transfer of trace levels of hydrophobic ENMs 
from aqueous samples to an organic solvent was reported. Several factors and 
levels were examined to achieve the most hydrophobized Ag and TiO2 NPs. 
With the aid of a chemometric approach, OAD, the most favorable reagents 
were identified, and the significance of each was estimated by ANOVA. The 
efficient hydrophobization and phase transfer were attained with the 
optimization of the reagents levels and experimental conditions. The 
successful ligand adsorption/exchange on the NP surface, acid-base pair 
formation, and partitioning into the non-polar organic solvent, were confirmed 
by the determination of the enriched NPs in the organic phase after microwave 
digestion and ICP-OES/MS analyses, and characterization of the surface-
modified extracted NPs by TEM, SAED, EDS, UV–visible, and FTIR 
spectroscopy.  
NPs with various sizes and concentration levels were extracted efficiently, 
and stored over a prolonged period, with the preservation of their original 
properties (e.g., size and crystal structure). The effects of environmental 
interferences such as adsorption of coating chemicals, NOM, and 
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corresponding ions, on the extraction efficiency were also examined in detail 
and minimized. The current method enabled us to extract various coated NPs 
through effective ligand exchange with thiolate (–SH) group and ion-pair 
adduct formation. Furthermore, NP behavior and fate like aggregation, 
dissolution, and surface adsorption, during sample preparation and detection, 
were investigated. These important processes have scarcely been addressed in 
previous studies on the determination of NPs. This study showed that the 
proposed technique was robust in terms of recovery, enrichment factor, 
specificity, time, cost, and consumption of reagents. It also enabled the 
quantitative separation of Ag and TiO2 NPs in the natural water samples at 
trace levels without significant variations in the original properties of the 
spiked NPs. The application of this technique is promising since the surface of 
a majority of metal and metal oxide NPs can strongly bond to the –SH 
group(s) of mercaptocarboxylic acids (such as 11-MUA), and subsequently 
interact with long-alkyl chain amines (such as ODA) in a proper medium to 
yield insoluble flocs. It is worthwhile to note that the phase separation and the 





Chapter 4 Combined effects of environmental factors on the behavior and 
fate of zinc oxide nanoparticles in aquatic environments 
4.1 Introduction 
There are growing concerns regarding environmental release, ecological, and 
human health exposure risks of ENPs due to rapid growth in their production 
and use [64].
 
Like other additives utilized in consumer products, 
leaching/weathering and environmental releases of ENPs, undoubtedly occur 
via waste streams to freshwater and coastal marine ecosystems. The degree of 
aggregation and stability as well as fate and exposure risks to aquatic 
organisms in receiving waters relating to ENPs, are of particular concern.  
Among ENPs, ZnO NP is extensively utilized in sunscreens, cosmetics, 
coatings, and electronics [239]. Recent studies have demonstrated that ZnO 
NPs exhibit elevated toxicity to aquatic organisms, relative to other metal 
oxide NPs because of release of zinc ions [159,239,240]. Aggregation and 
dissolution influence the toxicity of ZnO NPs in aquatic systems [241,242]. 
The effects of NOM, ionic strength, electrolyte type, and pH [30,243,244], as 
well as their combination [241], on the aggregation and deposition of ZnO 
NPs have been investigated. NOM has been shown to enhance the stability of 
ZnO NPs in natural waters despite the presence of minerals [245]. Humic, 
citric, and oxalic acids have been well studied as common complexing organic 
acids ubiquitously present in nature. They adsorb onto the NP surface, 
undergo ligand exchange, and in turn, influence the fate, stability, and 
134 
 
bioavailability of the NPs [174,246,247]. The impacts of the primary 
properties of NPs such as size, morphology, and solid content, on the 
aggregation kinetics have further been reported [248].  
Some recent studies have focused on effects of ZnO NP size and water 
chemistry on dissolution [30,247,249,250]. ZnO NPs exhibit enhanced 
aggregation and dissolution with decrease in their primary sizes. High 
aggregation kinetics may lower the rate of dissolution due to the formation of 
large aggregates and reduction of NP surface area. NP behavior in aqueous 





and dissolution [249,254]. The classical (or extended) Derjaguin–
Landau–Verwey–Overbeek (DLVO) theory is commonly employed to predict 
NP-NP interactions under various environmental conditions [244,255,256].  
Water temperature is one of the important environmental factors that may 
change the properties and behavior of ZnO NPs. This parameter has been 
shown to be more influential during formation of NP crystallites through 
temperature-controlled synthesis and thermal annealing [257]. It also has an 
effect on ZnO NP catalytic [258]
 
and optoelectronic activities [259]. In aquatic 
environments, variation of surface water temperature would influence the 
mobility, surface adsorption, and hydrolysis of NPs [241,260]. Furthermore, 
temperature may indirectly influence NP behavior because of alteration in 
viscosity, density, and surface tension of water. Hence, the investigation of 
water temperature effects on the ZnO NP behavior is merited.  
The current state of knowledge indicates that a reliable method is required 
to investigate effects of several confounding environmental factors and 
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interactions [261]. Chemometric techniques such as factorial [262],
 
principal 
component analysis [263], Box-Behnken [264],
 
and OAD [120,184], have 
proven to be useful techniques to evaluate optimal conditions of the synthesis 
and separation of various inorganic NPs. Multiparametric methods have also 
been employed to investigate environmental interactions among water 
chemistry variables [265,266]. With the aid of chemometrics, results are 
quantitatively correlated to several experimental factors, and optimum 
conditions are achievable with savings of time and cost, since few distinctly 
varied experiments are carried out. So as to mimic real environmental 
conditions such as water chemistry and temperature, there is a clear need to 
design experiments in which all factors are co-varied. A multiparametric 
approach could then be used to evaluate various aqueous matrices. Such a 
systematic study exhibits a predictive potential to relate simulated conditions 
to the aggregation and fate of ZnO NPs. To our knowledge, multivariate 
analyses have not been previously utilized to investigate the effects of 
environmental factors on NP behavior in aquatic systems. Hence, the 
objectives of this study are: (1) to assign various influential factors and levels 
that represent aquatic environments; (2) to investigate the combined effects of 
environmentally relevant conditions on ZnO NP behavior; (3) to assess the 
contribution and significance of each factor and interaction. 
Among experimental design methods, OAD allows us to probe a number 
of combinations of factors and interactions with fewer experiments. The 
ANOVA further evaluates the significance of the experimental conditions. It 
estimates the percentage contribution (PC) of error to ensure that the important 
factors and their corresponding levels are selected. In this chapter, we 
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demonstrate the application of a three-level OAD, OA27 (3
13
), followed by 
ANOVA, to investigate aggregation and dissolution of ZnO NPs in the 
presence of six co-varying parameters. These statistical tools enable 
assessments of the most and the least stabilizing conditions as well as the 
highest and the lowest levels of the solubility of ZnO NPs. In addition, this 
study is the first to evaluate the significance and contribution of temperature 
on the dissolution of ZnO NPs in combinatorial aqueous systems.  
4.2 Materials and methods 
4.2.1 Chemicals 
ZnO nanopowder (mean diameter = 41 nm; see Table 4-1 for properties) was 
purchased from Alfa Aesar (Ward Hill, MA, USA). Analytical-reagent grade 
sodium nitrate, potassium chloride, calcium chloride, sodium hydroxide, and 
humic acid (sodium salt, DOC ~39% (w/w)), were obtained from Sigma-
Aldrich (St. Louis, MO, USA). Citric acid (ACS, ≥99.5% purity) was supplied 
by Fluka (St. Gallen, Switzerland), and oxalic acid dihydrate (≥99% purity), 
nitric acid (65% w/v), hydrochloric acid (37% w/v), and zinc standard solution 
(1000 mg/L), were bought from Merck (Darmstadt, Germany). Ultrapure 
water (18.2 MΩ) was produced with a PURELAB Option-Q water purification 
system (ELGA LabWater, Marlow, UK). All solutions were filtered through 




Table 4-1 Summary of ZnO nanoparticle properties 
Parameter Value  
Density (g/mL) 5.606 
Vendor reported size (nm) 24 – 71  
TEM particle size- measured (nm) 41 ± 8  
DLS HDD- measured in ultrapure water (nm) 296 ± 19 
Aggregate size distribution (see Figure 4-1) Bimodal peaks at 192 and 401 
nm 
Aggregates > 2 µm mass fraction (%) 32 
Specific surface area- calculated (m
2
/g) 26 ± 3  
BET specific surface area- measured (m
2
/g) 18 ± 4  




IEP (see Figure 4-3)  8.8 
Zeta potential (mV) in ultrapure water  (pH = 6.3) +22  
Net energy barrier (kT) 
b
 in ultrapure water (IS ~ 
5×10
-6
 M)  
17.8  
Purity by TGA (wt. %) 97.43 
Moisture content by TGA (wt. %) 1.52 




1 kT = 4.1142×10
-21
 J  (4.1142 zettajoule (zJ)) at 25 
º
C 
4.2.2 Sample preparation 
 ZnO nanopowder was dispersed in a solution containing organic acid and salt 
under sonication in an ultrasonic bath (50 kHz, SoniClean, Thebarton, SA, 
Australia) at 0.27 kW of power for 10 min, followed by pH adjustment with 
dilute HCl or NaOH, according to the level settings. Humic acid solution was 
stirred for 24 h, then filtered prior to use. The prepared samples were stored in 
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the dark, or in amber glass vessels, at room temperature (~25 
º
C). ZnO NPs 
can adsorb on Teflon and plastics. Hence, borosilicate glass containers were 
used. The purity and moisture content of nanopowder were measured by TGA.  
4.2.3 NPs characterization, aggregation and sedimentation measurements 
After 24 h of equilibration, samples were homogenized by shaking, and the 
intensity-weighted average HDD was measured with appropriate uncertainties 
[267,268] using a DLS analyzer Model BI-200SM Goniometer equipped with 
a BI-9000AT Digital Correlator (Brookhaven Instruments, Holtsville, NY, 
USA). The CONTIN algorithm was employed to convert intensity 
autocorrelation functions to intensity-weighted aggregate size distribution, 
based on the Stokes–Einstein relationship for spherical particles [267,268]. An 
average HDD of three independent replicates with RSD <20% was reported. 
Similar DLS experiments were conducted on organic acid and salt solutions to 
ensure that they were particle-free. The mass fraction (%) of aggregates >2 µm 
size in ultrapure water (see Table 4-1) was determined as follows: ZnO NP 
suspension was filtered through 2-µm syringe filter, and the filtered 
suspension was determined by inductively coupled plasma optical emission 
spectrometry (ICP-OES) after complete dissolution with 5% v/v of nitric acid 
[269].  
Sedimentation plots were collected by measuring the optical absorbance at 
λ = 371 nm at different time intervals using Model UV-2450 UV–visible 
spectrophotometer (Shimadzu Corp., Kyoto, Japan). The DOC concentration 
of the filtered organic acid solution (mg C/L) was determined by a TOC 
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analyzer (TOC-5000A, Shimadzu Corp.). The N2-BET specific surface area 
was determined by a surface area and porosity analyzer (ASAP 2020, 
micromeritics, Norcross, GA, USA). XRD experiments were conducted on 
both the ZnO nanopowder and suspension, as follows: After pH adjustment, 




for 2 h.  Diffraction 
patterns were obtained from a Bruker-AXS D-5005 X-ray diffractometer 
(Siemens, Karlsruhe, Germany). The ζ-potential was measured by ζ-potential 
analyzer (Zetasizer NanoZS, Malvern, Worcestershire, UK). All experiments 
were performed in triplicate. The net energy between two NPs as the 
summation of van der Waals (vdW) attraction and electrostatic repulsion 
energies, was estimated under different environmental conditions, according to 
the governing equations of the DLVO theory (Equations 4-1 and 4-2) 
[244,255,256].  
                                             
(Equation 4-1) 
where A is the Hamaker constant (J), r is the radius of particle (m), H is 
the separation distance between two particles (m), ζ is the zeta potential (V), ε 




/J (relative ε 
= 78.3 at 25 
°
C)), and κ is the inverse of the Debye length (1/m, refer to 
Equation 4-2). 
Debye length (κ-1) (nm): 
     (Equation 4-2) 
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/J), ε is the 




/J at 25 
°
C), kB is the Boltzmann 
constant (1.38 × 10
-23
 J/K), T is the temperature (K), NA is the Avogadro’s 
number (6.02 × 10
23
/mol), e is the electric charge of the electron (1.6 × 10
-19 
C), and I is the ionic strength (M). 
4.2.4 Released zinc ion measurement  
The prepared suspensions of 100 mg/L ZnO NPs were stored in a low-
temperature orbital shaker incubator (LM-530R, Yihder Technology, New 
Taipei City, Taiwan) for 48 h, according to the assigned levels of temperature. 
They were orbitally shaken to simulate circulation conditions within natural 
surface waters. The sample pH was then measured, and 2 mL aliquots were 
ultra-centrifuged at 22,000 rpm for 30 min, and passed through 0.02-µm 
syringe filters (Whatman) [241,250]. The filtrate solutions were imaged by 
TEM to confirm the absence of NPs. It should be noted that the organic acid 
itself and/or coordinated with zinc ionic species may interfere in the 
measurement of the released zinc ion (Zn
2+
). Hence, to prevent this, 1 mL 
concentrated HNO3 was added to an equal volume of the filtered sample, and 
the mixture was irradiated at 180 
º
C (1000 W) for 15 min using a microwave 
digester (ETHOS advanced microwave workstation, Milestone,  Sorisole,  
Italy). The digested solution was diluted to 5 mL with water, and analyzed by 
ICP-OES (Optima 7300 DV, Perkin-Elmer, Waltham, MA, USA). Similar 
digestion and analysis were conducted on ZnO nanopowder for purity 
measurement. The average and RSD were reported for triplicate analyses. 
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4.2.5 Multiparametric approach 
Six co-varying factors were selected including: (1) organic acid type (factor 
A); (2) organic acid concentration (factor B); (3) NP concentration/incubation 
temperature (factor C); (4) pH (factor D); (5) salt content (factor E); (6) 
electrolyte type (factor F). The interactions between organic acid type and 
organic acid concentration (A × B), and organic acid type and NP 
concentration/incubation temperature (A × C) were also considered. Tables 4-
2 and 4-3 show the factors and levels used in the aggregation and dissolution 
studies, respectively. As can be seen in these tables, the levels of e.g. organic 
acid concentration (factor B) were 2 mg C/L (level 1), 5 mg C/L (level 2), and 
20 mg C/L (level 3), whereas the corresponding levels of pH (factor D) were 
6.0, 7.5, and 9.0, in that order. Furthermore, three types of organic acids and 
electrolytes were selected as the levels of factors A and F, respectively. For 
example, the levels of factor A were oxalic acid (level 1), humic acid (level 2), 
and citric acid (level 3). Since ZnO NP solubility has not been greatly 
enhanced with increasing the NP concentration (factor C) [242], this factor 
was maintained at 100 mg/L, and incubation temperature was investigated 
instead for dissolution study. 
The OA27 (3
13
) matrix was employed to assign the factors and two-
variable interactions (Tables 4-4 and 4-5). The corresponding levels of 
interactions and dummy columns (shown as #) were defined according to the 
designed matrix, and used in the calculations. The ANOVA estimated the PC 
and significance of variables. The definition and calculation of statistical terms 
have earlier been described in detail by Lan et al. [270], and were included in 
chapter 3. According to the matrix of the aggregation study (Table 4-4), the 
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trial (run) #3, 15, and 27 (denoted as R3, R15, and R27), were under distinctly 
different environmental conditions, containing similar NP concentration (100 
mg/L) but varying organic acid type and concentration, pH, and electrolyte 
type and content. the conditions were as follows: pH = 9.0, 2 mg C/L of oxalic 
acid, and 50 mM of CaCl2 for R3, pH = 6.0, 5 mg C/L of humic acid, and 2 
mM of KCl for R15, and pH = 7.5, 20 mg C/L of citric acid, and 10 mM of 
NaNO3 for R27. The aggregation kinetics and effects of temperature were 
further studied under these treatment conditions. 
Table 4-2 Assignment of factors and their level values in the OA27 (3
13
) 
matrix (aggregation study) 

















1 Oxalic acid 2 10 6.0 2 NaNO3 
2 Humic acid 5 25 7.5 10 KCl 
3 Citric acid 20 100 9.0 50 CaCl2 
 
Table 4-3 Assignment of factors and their level values in the OA27 (3
13
) 
matrix (dissolution study) 




















1 Oxalic acid 2 15 6.0 2 NaNO3 
2 Humic acid 5 25 7.5 10 KCl 
3 Citric acid 20 35 9.0 50 CaCl2 
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Table 4-4 OA27 (3
13





Factors & interactions  
Response 
(HDD, nm) 
A B (A×B)1 (A×B)2 # # F D (A×C)1 C (A×C)2 # E 
1 Oxalic acid 2     NaNO3 6  10   2 1096 
2 Oxalic acid 2     KCl 7.5  25   10 1434 
3 Oxalic acid 2     CaCl2 9  100   50 3060 
4 Oxalic acid 5     NaNO3 7.5  25   50 2262 
5 Oxalic acid 5     KCl 9  100   2 1587 
6 Oxalic acid 5     CaCl2 6  10   10 2235 
7 Oxalic acid 20     NaNO3 9  100   10 931 
8 Oxalic acid 20     KCl 6  10   50 762 
9 Oxalic acid 20     CaCl2 7.5  25   2 822 
10 Humic acid 2     CaCl2 6  100   50 2840 
11 Humic acid 2     NaNO3 7.5  10   2 1067 
12 Humic acid 2     KCl 9  25   10 2184 
13 Humic acid 5     CaCl2 7.5  10   10 1545 
14 Humic acid 5     NaNO3 9  25   50 753 
15 Humic acid 5     KCl 6  100   2 284 
16 Humic acid 20     CaCl2 9  25   2 583 
17 Humic acid 20     NaNO3 6  100   10 311 
18 Humic acid 20     KCl 7.5  10   50 418 
19 Citric acid 2     KCl 6  25   10 962 
20 Citric acid 2     CaCl2 7.5  100   50 2820 
21 Citric acid 2     NaNO3 9  10   2 1635 
22 Citric acid 5     KCl 7.5  100   2 1435 
23 Citric acid 5     CaCl2 9  10   10 1938 
24 Citric acid 5     NaNO3 6  25   50 1472 
25 Citric acid 20     KCl 9  10   50 753 
26 Citric acid 20     CaCl2 6  25   2 835 
27 Citric acid 20     NaNO3 7.5  100   10 424 
r1 1577 1900 1305 1132 1379 1419 1106 1200 1366 1272 1204 1399 1038  
r2 1109 1501 1576 1424 1279 1365 1091 1359 1364 1256 1287 1391 1329  
r3 1364 649 1168 1495 1393 1266 1853 1492 1320 1521 1559 1260 1682  
d 467 1251 408 363 114 152 762 292 46 265 354 139 644  
a 





Table 4-5 OA27 (3
13
) matrix with released Zn
2+





Factors & interactions  Response 
(Zn2+ (mg/L)) A B (A×B)1 (A×B)2 # # F D (A×C)1 C (A×C)2 # E 
1 Oxalic acid 2         NaNO3 6   15     2 10.7 
2 Oxalic acid 2         KCl 7.5   25     10 4.9 
3 Oxalic acid 2         CaCl2 9   35     50 2.9 
4 Oxalic acid 5         NaNO3 7.5   25     50 6.6 
5 Oxalic acid 5         KCl 9   35     2 3.9 
6 Oxalic acid 5         CaCl2 6   15     10 10.6 
7 Oxalic acid 20         NaNO3 9   35     10 4.1 
8 Oxalic acid 20         KCl 6   15     50 12.2 
9 Oxalic acid 20         CaCl2 7.5   25     2 3.3 
10 Humic acid 2         CaCl2 6   35     50 9.4 
11 Humic acid 2         NaNO3 7.5   15     2 7.7 
12 Humic acid 2         KCl 9   25     10 5.4 
13 Humic acid 5         CaCl2 7.5   15     10 4.8 
14 Humic acid 5         NaNO3 9   25     50 4.6 
15 Humic acid 5         KCl 6   35     2 10.1 
16 Humic acid 20         CaCl2 9   25     2 3.9 
17 Humic acid 20         NaNO3 6   35     10 14.0 
18 Humic acid 20         KCl 7.5   15     50 12.1 
19 Citric acid 2         KCl 6   25     10 13.1 
20 Citric acid 2         CaCl2 7.5   35     50 4.2 
21 Citric acid 2         NaNO3 9   15     2 4.8 
22 Citric acid 5         KCl 7.5   35     2 4.6 
23 Citric acid 5         CaCl2 9   15     10 4.1 
24 Citric acid 5         NaNO3 6   25     50 15.4 
25 Citric acid 20         KCl 9   15     50 6.1 
26 Citric acid 20         CaCl2 6   25     2 10.5 
27 Citric acid 20         NaNO3 7.5   35     10 7.4 
r1 6.6 7.0 8.1 6.9 7.0 7.5 8.4 11.8 7.1 8.1 7.6 7.5 6.6  
r2 8.0 7.2 7.5 8.1 7.3 7.4 8.0 6.2 7.0 7.5 7.4 7.3 7.6  
r3 7.8 8.2 6.8 7.4 8.0 7.4 6.0 4.4 8.3 6.7 7.3 7.6 8.2  
d 1.4 1.2 1.3 1.2 1.0 0.1 2.4 7.4 1.2 1.4 0.3 0.3 1.6  
a 




4.2.6 Temperature dependence study 
Time-dependent aggregation and dissolution were further investigated at 
various incubation temperatures under the conditions of R3, R15, and R27. 
Since centrifugation and filtration (in the dissolution experiments) took 
considerable time (>30 min), the time was recorded after ultrasonic dispersion 
of NPs, and the samples were immediately incubated. The centrifugation and 
optical absorbance measurement were performed under temperature-controlled 
conditions. 
4.3 Results and discussion 
4.3.1 ZnO NP aggregation 
The filtered ZnO NP suspension (100 mg/L in ultrapure water) (<2 µm 
aggregate size) showed a bimodal size distribution with the peaks at 192 and 
401 nm (see Figure 4-1), such as observed previously [269]. It might be 
attributed to the subsequent formation of large aggregates due to the linking of 
small aggregates [271]. The average HDD corresponding to each trial 
conditions is given in Table 4-4. The NP aggregation was assumed to reach a 
relative equilibrium after 24 h with respect to the aggregate size [220,272] and 
organic acid adsorption [244,248], in particular under stabilizing conditions. 
The intensity-weighted analysis of the samples after 24 h indicated that ZnO 
NP aggregates with the average HDDs <1 µm exhibited a bimodal size 
distribution. These samples showed a weak peak for micron-sized aggregates, 
leading to an increase in the average HDD. Unimodal size distribution was 
observed for trials with micron-sized average HDDs. It might have originated 
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from the attachment of small-sized aggregates within 24 h of equilibration and 
effective scattering of the laser light by large-sized aggregates. Multimodal 




















Figure 4-1 Intensity-weighted aggregate size distribution of 100 mg/L ZnO 
NPs in ultrapure water. The sample was passed through a 2-µm syringe filter 
prior to DLS analysis. 
It is important to note that after shaking the samples, gravitational settling 
of ZnO aggregates within a short period of 3 min (needed for DLS analysis) 
probably had little impact on the intensity of the scattered laser beam and 
therefore, the measured HDD [267]. The mean value difference, d (the 
difference between minimum and maximum average of HDD corresponding 
to each variable) in Table 4-4 (see the last row) indicated that the organic acid 
concentration was the most influential factor.  The next most important factors 
were electrolyte type, salt content, and organic acid type, in that order. 
ANOVA results (Table 4-6) further indicate that all factors, except factors C 
(ZnO NP concentration) and D (pH), were statistically significant (significant 
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differences among HDDs corresponding to the levels of each factor at p 
<0.05). The interaction between organic acid type and concentration was also 
found to change HDD significantly at the 95% confidence level. The most 
significant factor estimated by the ANOVA, was the organic acid 
concentration, followed by the electrolyte type. The adsorbed organic acid 
may impart negative charge and steric effect on the NP surface because of its 
functional groups and chemical structure, respectively. The amount adsorbed 
is enhanced with the increase in the initial concentration of the organic acid.  
Hence, the steric effect and electrostatic repulsion could be magnified, thereby 
hindering the NP aggregation [178,244]. 
Table 4-6 ANOVA for experimental responses of aggregation study in the 
OA27 (3
13
) matrix (at the 95% confidence level) 
a
 
Source SS d.f. m.s. F
 
SS' PC (%) 
Organic acid type (A) 984458 2 492229 10.33 
b 
889190 5.30 
Organic acid concentration 
(B) 
7351527 2 3675764 77.17 
c 
7256260 43.27 
ZnO NP concentration (C) 397757 2 198878 Pooled   
pH (D) 384401 2 192201 Pooled   
Salt content (E) 1872037 2 936018 19.65 
b 
1776769 10.60 
Electrolyte type (F) 3419105 2 1709552 35.89 
c 
3323837 19.82 
(A × B) 1442844 4 360711 7.57 
d 
1347577 8.04 
(A × C) 631568 4 157892 Pooled   
Pooled errors 285802 6 47634  1047942 6.25 
Total 16769500 26 7770879  16769500  
a 
SS = sum of squares; d.f. = degrees of freedom; m.s. = mean squares; SS'= purified 
sum of squares; PC = percentage contribution. 
b 
Critical value is 10.92 (p <0.01) and 
5.14 (p <0.05). 
c 
Critical value is 27.00 (p <0.001). 
d  
Critical value is 4.53 (p <0.05). 
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The percentage contribution due to the errors, estimated from dummy 
columns, was 6.25%. The errors might have originated from some potential 
interactions such as between organic acid and pH (A × D), due to the effect of 
pH on the deprotonation/protonation and adsorption capacity of organic acid 
[178], or between organic acid and electrolyte (A × F), arising from the 
change in the adsorption capacity and/or potential complexation of cations 
(e.g., Ca
+2
) with organic acids [244].  
The average HDD corresponding to each level (shown as r1, r2, and r3 in 
Table 4-4) indicated the effects of significant factors on the aggregation 
behavior (see Figure 4-2). Error bars were not shown for each level since the 
trial conditions relative to each level were not identical. In other words, each 
run was not repeated among trials [270]; although each trial was conducted in 
triplicate, and the average response with RSD was reported. The average 
values for each factor enabled comparison among the levels of that factor. 
They were also used to estimate the mean value difference (d), and to evaluate 
the significance and contribution of a given factor by the ANOVA.  
 
Figure 4-2 Effect of three levels of significant factors (p <0.05) (refer also to 
Table 4-2) on the averages of hydrodynamic diameter (HDD), indicated as r1, 
r2, and r3 in Table 4-4. 
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The electrostatic repulsion energy between two particles depends on the 
NP surface charge and electric double layer (EDL) thickness. It determines the 
propensity of NP aggregation [71]. The negative charge imparted by the 
adsorbed organic acid would be neutralized by cations [244,273]. Hence, the 
IEP of NP can increase or decrease with the addition of electrolyte and organic 
acid, respectively. The IEP of the NPs of study was obtained at pH 8.8 in the 
ultrapure water in which the ionic strength was maintained at 3 mM with NaCl 
(see Figure 4-3). The lower absolute zeta potential value close to the IEP 
resulted in the formation of larger clusters due to vdW attraction forces and 




























Figure 4-3 Zeta potential of ZnO NP suspension (mean ± SD, n = 3) as a 
function of pH in ultrapure water. The ionic strength was maintained at 3 mM 
with NaCl. 
The modeled energy barrier between two ZnO NPs is illustrated as a 
function of separation distance (Figure 4-4). A net energy barrier of 31.4 kT 
was estimated for R15, thereby hindering the NP aggregation. From Table 4-4, 
it is observed that all organic acids were not able to avoid NP aggregation at 2 
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mg C/L under the assigned conditions, whereas 5 mg C/L of humic acid could 
relatively stabilize ZnO NPs. The low concentration of humic acid stabilized 
ZnO NP suspensions because of the high number of functional carboxylate 
and phenolate groups, and steric hindrance [178]. This indicates the 
significance of the effect of the interaction between organic acid type and 
concentration (A × B). Citric acid was less effective than humic. Citric acid 
has three carboxylic groups which imparts more negative charges on the NP 
surface (pKa1 = 3.13, pKa2 = 4.76, and pKa3 = 6.40 [168]), compared to the 
linear oxalic acid with two carboxylic groups (pKa1 = 1.27 and pKa2 = 4.28 
[168]).  
 
Figure 4-4 Calculated net energy between two ZnO NPs for the selected 
treatments (see Table 4-4) at 25 
º
C. The maximum net NP-NP energy was 
given at 31.4 kT for R15. Inset shows effect of temperature on interaction 
energy for R15. 
The amount of organic acid adsorbed might vary among different types 
and levels of organic acids and adsorption isotherm (such as Freundlich [244]
 
or Langmuir [168,248]) capacities. It would influence the stability of NPs. The 
adsorbed organic acid can be estimated by measuring its unbound (free) 
151 
 
concentration in the filtered samples using a TOC analyzer. The adsorption 
amount may be altered markedly among treatments. Hence, another set of 
combinatorial systems is needed to investigate the NP surface adsorption 
(although, it was not the aim of this study). It is worthwhile to note that the 
organic acid may cause NP aggregation due to charge neutralization of NP 
surface at low concentrations (e.g., 2 mg C/L), formation of bridge among 
NPs, and desorption from the NP surface [59,168,220]. It has been reported 
that certain ions such as Ca
2+
 can bind to free functional groups of the 
adsorbed organic acids and join the NPs together through bridge formation 
[274,275]. Such bridges have so far characterized by TEM and EDS 
[274,275], and the bridge length has been calculated [227].
 
The time-resolved DLS (TR-DLS) measurements within the first 3 h 
(Figure 4-5) indicated that, the aggregation rate of R3 was very high (1.281 
nm/s) within the initial 20 min, then significantly decreased (0.033 nm/s). A 
two-phase aggregation process observed was due to the presence of high level 
of Ca
2+
 that effectively reduced the NP surface charge imparted by the low 
concentration of oxalic acid, resulting in the initially fast aggregation. The 
aggregation rates were 0.012 and 0.036 nm/s for R15 and R27, respectively. It 
should be noted that the gravitational settling of aggregates may decrease the 
photon count rate, and influence DLS measurement [252,267]. The samples 
with large aggregate sizes (e.g., R3) likely reached a steady state after about 2 
h. At longer equilibration, the organic acid molecule may adsorb on the NPs 




Figure 4-5 Aggregation kinetics of 100 mg/L ZnO NPs for the selected runs at 
room temperature (R3: pH = 9.0, oxalic acid (2 mg C/L), CaCl2 (50 mM); 
R15: pH = 6.0, humic acid (5 mg C/L), KCl (2 mM); R27: pH = 7.5, citric 
acid (20 mg C/L), NaNO3 (10 mM)). Error bars represent standard deviations 
(n = 3). 
As shown in Figure 4-5, the HDD under R15 and R27 progressively 
increased within 3 h. The subsequent attachment of ZnO aggregates may occur 
at longer equilibration [271], thereby elevating the average HDD. This 
indicates that the equilibration time of the NP aggregation may vary 
depending on the trial conditions. Hence, the NP aggregation may not reach an 
equilibrium within a shorter (e.g., 2 h) under all trial conditions, and therefore, 
the results could not be compared with one another and evaluated in the 
combinatorial system defined by the OAD. 
To understand the aggregation geometry and behavior of ZnO NPs 
[17,272], TEM was carried out on the selected samples (R3, R15, and R27), 
and the images are shown in Figure 4-6 (top). A decrease in the NP size was 
noted as a result of dissolution [272]. As can be seen, large aggregates were 
formed under R3 conditions, and NP aggregation was still observed under R15 
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conditions. The extent of NP clustering can be quantified by the calculation of 
radial distribution function (RDF) [276,277]. The RDF is the probability of 
finding a particle at radial distances far from the center of a representative 
particle. As shown in Figure 4-6 (bottom), the RDF corresponding to R15 
sample, first dropped significantly at the radial distances greater than the 
apparent radius of the NP, and then increased. It did not reach zero, indicating 
that the NPs were not fully dispersed. The results demonstrated that the NPs 
did not remain as single particles in such realistic conditions [277]. TEM 
analyses under environmentally relevant conditions would give an insight into 
the toxicological implications of NPs in real aqueous matrices [271]. 
The influence of electrolytes as major components of water chemistry on 
the NP dynamic behavior is of particular interest. While larger NP aggregates 
were observed at higher salt contents (see Table 4-4 and Figure 4-2), 








) exhibited similar 
effects on ZnO NP aggregation [243]. Indeed, even low levels of CaCl2 (ca. 2 


































Figure 4-6 TEM images of ZnO NPs under selected run conditions, R3 (left), 
R15 (center), and R27 (right) (top), and radial distribution function for a 
representative point in a nanoparticle under R15 conditions (bottom).
 
The NP concentration is expected to influence the stability of ZnO NP 
suspension because NP collision frequency is enhanced by increasing NP 
count [248,278]. As shown in Table 4-4 and from d value corresponding to 
factor C (ZnO NP concentration), an increase of 265 nm in the average HDD 
was observed for samples containing 100 mg/L ZnO NPs, compared to that of 
10 mg/L ZnO NPs. However, the ANOVA results indicated that the difference 
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was insignificant (p > 0.05). Under the conditions defined by a 
multiparametric approach, water chemistry constituents vary simultaneously, 
and therefore, these conditions, and subsequently the ZnO NP behavior could 
be significantly different from those obtained with limited single-variate 
experiments. The pH had a minor effect on the ZnO NP aggregation. The IEP 
of each treatment relates to its water chemistry, and obviously, the NP 
aggregation would reach a maximum at the pH close to the IEP. The results 
(Table 4-4) show that the smaller NP aggregates were formed at the initial pH 
of 6.0 (average HDD = 1200 nm), whereas the NP dissolution, and therefore, 
ionic strength was enhanced. It might be attributed to the increased adsorption 
of organic acid on the NP surface [168,178] which hindered dissolution-
accompanied aggregation. The enhanced dissolution might also lead to NP 
deaggregation [279]. The primary size and morphology of ZnO NP play 
important roles in aggregation [30,248]. However, the TEM-measured primary 
diameter of the NPs used, was almost constant (41 ± 8 nm), and the crystal 




Figure 4-7 X-ray diffraction patterns of ZnO NPs at different pH exhibit 
hexagonal wurtzite crystal structure. 
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4.3.2 ZnO NP dissolution 
The released Zn
2+
 (mg/L) of 100 mg/L ZnO NP suspensions after 48 h as the 
averages of triplicate dissolution measurements under each trial conditions 
(RSD = (6.48 ± 2.15)%) are summarized in Table 4-5. The results (d values) 
indicate that the most influential factors were pH and electrolyte type. 
ANOVA results (Table 4-7) show that the effect of variation of the pH on the 
dissolution was statistically significant at p <0.001. Except for the organic acid 
concentration, all factors influenced the dissolution of ZnO NPs significantly 
(p <0.05). The effects of organic acid concentration and two-variable 
interactions were not significant at the 95% confidence level.  
Table 4-7 ANOVA for experimental responses of solubility study in the OA27 
(3
13
) matrix (at the 95% confidence level) 
a
 
Source SS d.f. m.s. F
 
SS' PC (%) 
Organic acid type (A) 10.67 2 5.33 6.60 
b 
9.05 2.50 
Organic acid concentration 
(B) 
7.11 2 3.56 Pooled   
Incubation temperature (C) 8.73 2 4.37 5.40 
b 
7.12 1.96 
pH (D) 265.64 2 132.82 164.20 
c 
264.02 72.82 
Salt content (E) 11.16 2 5.58 6.90 
b 
9.54 2.63 
Electrolyte type (F) 30.54 2 15.27 18.88 
b 
28.93 7.98 
(A × B) 14.37 4 3.59 Pooled   
(A × C) 9.49 4 2.37 Pooled   
Pooled errors 4.85 6 0.81  17.80 4.91 
Total 362.57 26 173.70  362.57  
a
 SS = sum of squares; d.f. = degrees of freedom; m.s. = mean squares; SS'= purified 
sum of squares; PC = percentage contribution. 
b 
Critical value is 10.92 (p <0.01) and 
5.14 (p <0.05). 
c 
Critical value is 27.00 (p <0.001). 
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A relatively low PC due to errors of 4.91% estimated from dummy 
columns might be attributed to some possible interactions such as between 
organic acid and pH (A × D) [30], and between organic acid and electrolyte (A 
× F) [244], adsorption of ionic species on the NP surface, and presence of NPs 
in the filtrate [250].  
The averages of released Zn
2+
 (mg/L) corresponding to the levels of 
significant factors are illustrated in Figure 4-8. The dominant level was pH 
6.0, exhibiting the released Zn
2+
 of 11.8 mg/L. The maximum solubility of 
15.4 mg/L was observed for a sample (trial #24, see Table 4-5) with 5 mg/L of 
citric acid, 50 mM of NaNO3, the initial pH of 6.0, and the temperature of 25 
º
C. The pH was in the neutral range of 7.0 – 7.7 after 24 h because of the ZnO 
buffering properties and the time-dependent dissolution [30,245,280]. In 
general, the dissolution was significantly faster within the first 10 h, before the 
pH reached the circumneutral value. This suggests that the initial pH would 
influence ZnO NP solubility. Based on the mechanisms of dissolution of ZnO 
[30], hydrolysis of the ZnO NP surface is accelerated under acidic and alkaline 
conditions. However, the dissolution rate under the latter was lower, possibly 
due to the formation of a hydroxide layer on the NP surface [281]. The NP 
aggregation further hindered the dissolution [30]. Hence, the solubility 





Figure 4-8 Effect of three levels of significant factors (p <0.05) (refer also to 
Table 4-3) on the averages of released Zn
2+
 (mg/L), indicated as r1, r2, and r3 
in Table 4-5. 
Functional groups of organic acids may bind strongly to the ZnO NP 
surface, weaken zinc-oxygen bond, and undergo ligand exchange 
[249].Adsorption of organic acid can also increase the hydrolysis of the NP 
surface due to the formation of small aggregates. Therefore, the affinity of 
organic acid toward the NP surface and the amount of its adsorption may 
directly or indirectly (through the state of NP aggregation) contribute to the 
dissolution of ZnO NPs [30,249]. However, as stated earlier, a separate set of 
experiments under similar combinatorial conditions is needed to correlate the 
surface adsorption of organic acid to aggregation and dissolution of these NPs. 
The possibility of the chelation of zinc ionic species by organic acids is of 
particular importance with respect to the environmental fate of ZnO NP and 
altering its bioavailability [246,247]. As shown in Table 4-3, the mass ratio of 
organic acid (as DOC) to ZnO NP was in the range from 0.02 to 0.2. The 
concentration of organic acid exerted no significant impact on the dissolution 
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at this range. However, at higher ratios, the solubility may be enhanced 
effectively [249].  
Since dissolution of ZnO is exothermic [176], an increase in temperature 
reduced the solubility of ZnO NPs. The solubility was reduced at higher 
temperatures (e.g., ~1.4% at 35 
º
C, compared to 15
 º
C; see Figure 4-8), like 
that of its bulk [257]. In contrast, some NPs like silver have shown enhanced 
solubility at elevated incubation temperatures [254].
 
 
ZnO NP solubility was enhanced at higher salt content, as demonstrated in 
Figure 4-8. According to Debye-Hückel law, one would expect a rise in the 
solubility (as was observed here) with increasing ionic strength to reduce 
chemical potential of the solution [282]. NP aggregation also occurs at high 
salt content. This may result in a reduction in the rate of dissolution. However, 
lowering the chemical potential of the electrolyte solution would likely 
overcome the latter. In addition, anions bind to Zn
2+
 as ligands and enhance 
dissolution [242].
 
The ZnO NP solubility was significantly influenced by the 
type of electrolyte (p <0.01). In particular, the former was reduced in the 
presence of CaCl2 (Figure 4-8) as a result of NP aggregation [283]; although 
the solubility has also been reported to be enhanced in the presence of Ca
2+ 
[247]. Similarly, it was reduced in hard water [250].  
The ANOVA results showed that the two-variable interactions had no 
significant effect on the solubility (p >0.05). This suggests that the adsorption 
of organic acid (factor A) and dissociation of ZnO NP might not be affected at 
the defined levels of organic acid concentration (factor B) and incubation 
temperature (factor C). The results revealed that under combinatorial 
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conditions, these factors influenced the dissolution independently, and the 
presence of other factors did not greatly change the role of each in the 
dissolution of ZnO NPs.  
4.3.3 Effect of temperature on ZnO NP aggregation and dissolution 
The effect of temperature on the aggregation of ZnO NPs was further 
examined under R3, R15, and R27 treatment conditions listed in Table 4-4 
(Figure 4-9). The results exhibited an increase in HDD with increasing water 
temperature. This increase was significant (p <0.05) for R15 and R27 samples. 
The enhanced diffusion coefficient and mobility of NPs at elevated 
temperatures [260] reduced the interaction energy barrier of NPs (see inset in 

















T = 15 ºC
T = 25 ºC
T = 35 ºC
 
Figure 4-9 Effect of incubation temperature on the HDD of 100 mg/L ZnO 
NPs (mean ± SD, n = 3) for the selected runs after 24 h. The differences are 
significant for R15 and R27 (F2,6(R15) = 20.70 and  F2,6(R27) = 5.61;  p 
<0.05), and insignificant for R3 (F2,6 = 3.12, p >0.05). 
161 
 
Sedimentation plots at different incubation temperatures (Figure 4-10) 
exhibit the effect of temperature on the stability of ZnO NPs. The sharp 
decrease in the time-dependent absorbances of R15 and R27 at 35 
º
C well 
proved that these relatively stable suspensions were destabilized more 
effectively. 
 
Figure 4-10 Sedimentation plots of 100 mg/L ZnO NPs for the selected runs 
at different temperatures (measures at 5- and 10-min intervals) (R3: pH = 9.0, 
oxalic acid (2 mg C/L), CaCl2 (50 mM); R15: pH = 6.0, humic acid (5 mg 
C/L), KCl (2 mM); R27: pH = 7.5, citric acid (20 mg C/L), NaNO3 (10 mM)). 
 Changes in morphology and crystal structure do not seem to be important at 
this temperature range. However, such changes may occur for ZnO NPs at 
higher temperatures [284]. Figure 4-11 indicates that the rate of dissolution 
was higher in the first 10 h (5 h for R15). The solubility was enhanced at 15 
º
C 
after 48 h, as small aggregates, R15 ((11.1 ± 1.21) mg/L), and R27 ((7.8 ± 
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0.62) mg/L), were formed in the presence of humic and citric acids, 
respectively. In contrast, it was very low in a solution with large ZnO NP 
aggregate (R3), and was less influenced by temperature [285]. The solubility 
at 15 
°
C was only ~0.8 mg/L higher than that at 35 
°
C after 48 h. The ZnO NP 
dissolution would reach steady state at longer times (>48 h) under 
circumneutral pH and equilibrium aggregation conditions. The data was fitted 
to the modified first-order kinetics equation (Equation 4-3) below using least-
squares (R
2
 > 0.94) [139]:  
y(t) = yf × (1-e
-kt
)        (Equation 4-3) 
where y(t) is the dissolved ZnO NPs (mg Zn
2+
/L) at the time t (h), yf is the 
final solubility, and k is the dissolution rate coefficient (h
-1
). The estimated k 
and yf values shown in Figure 4-11, indicated that both the kinetics and steady 
state solubility were lowered at higher incubation temperatures under the 
treatment conditions. The formation of small aggregates under the mildly 
acidic conditions of R15 would lead to very high estimated k values (e.g., 
0.489 h
-1
 at 25 
º
C).  It is noteworthy that other fitting equations have also been 
previously used for the solubility study of ZnO NPs [242,250], such as 
Equation 4-4 below:  
y(t) = yf × t / (t1/2 + t)     (Equation 4-4) 
where t1/2 is the time taken for the solubility to reach half the final (maximum) 
solubility; however, the results of the current study fitted better to Equation 4-
3. The dissolved zinc-containing species can also be modeled and estimated as 
a percentage of the maximum total dissolved zinc using Visual MINTEQ 




Figure 4-11 Dissolution kinetics of 100 mg/L ZnO NPs for the selected runs 
at 15 
°
C (a), 25 
°
C (b), and 35 
°
C (c) (R3: pH = 9.0, oxalic acid (2 mg C/L), 
CaCl2 (50 mM); R15: pH = 6.0, humic acid (5 mg C/L), KCl (2 mM); R27: pH 
= 7.5, citric acid (20 mg C/L), NaNO3 (10 mM)). Error bars represent standard 




This study demonstrated that utilizing the multiparametric approach, OAD, for 
assessing the NP behavior in environmental systems is robust, as well as both 
time- and cost-effective, because of fewer experiments needed to test several 
combinatorial conditions. The results showed that the organic acid 
concentration was the predominant factor influencing ZnO NP aggregation, 
whereas it did not significantly influence the dissolution, based on the 
ANOVA. The effect of the interaction between the type and concentration of 
organic acid was evaluated to be significant. Thus, the adsorption amount as 
well as steric and electrostatic effects of NOM on the NP surface, relate to the 
composition of NOM. The ANOVA revealed that the pH and NP 
concentration were less influential under these treatment conditions. This 
indicates that ENPs behave differently when interacting with co-varying 
pertinent factors. While the effect of pH on the dissolution of ZnO NPs was as 
expected, the electrolyte type and salt content, and therefore, aggregation 
kinetics, further determined the solubility and its kinetics.  
The multiparametric approach enabled the prediction of behavior and fate 
of ZnO NPs in the simulated environmental conditions. With the aid of these 
combinatorial treatments, several possible aquatic environments with variable 
degrees of NOM, acidity, salinity, and temperature, could be assumed and 
investigated; although the study was limited to three levels of factors (as 
assigned by OAD) such as salt content levels of 2, 10, and 50 mM, selected for 
all types of the electrolytes. Therefore, some higher levels of e.g., NaCl or 
lower levels of e.g., CaCl2 were not examined in the current multifactorial 
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systems. Our analyses provided some insights into the major kinetically and 
thermodynamically controlling mechanisms of ENP dynamic behavior under a 
variety of water chemistries and temperature conditions. These can advance 





Chapter 5 Role of water temperature and chemistry in the environmental 
fate and behavior of zinc oxide nanoparticles 
5.1 Introduction 
A majority of ENPs occurring in water streams have been identified as toxic 
contaminants to aquatic organisms due to their high surface reactivity and 
release of ionic species [64,286]. While several investigations have been 
conducted to predict transport and fate of ENPs in various environmental 
compartments [287], there are still several uncertainties to relate the toxicity of 
ENPs to their physicochemical interactions and transformation in different 
media [2,253].  
Some studies have focused on the behavior of metal oxide NPs in both 
natural and synthetic water samples under well-controlled water chemistry 
conditions [161,242,247,288,289]. Among various environmental factors 
mainly originated from water chemistry such as pH, type and content of 
electrolyte, and type and content of NOM, studies on ambient conditions like 
light and temperature are scarce [32,33]. So far, the effects of thermal 
conditions and annealing on the synthesis [257,290], crystal structure [291], 
catalytic [292], optical [259,291,293], and antimicrobial activities of, e.g., 
ZnO NPs [294] have been reported.  
As further described in Chapter 4, surface water temperature may vary 
substantially, and in turn influences physicochemical properties of water body 
and discharged contaminants. Hence, ENPs will possibly undergo changes in 
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original properties and potentially also toxicity with varying temperature of 
the receiving water. Since in colloidal chemistry, a number of processes are 
thermodynamically controlled or thermally induced [295],
 
any changes in 
water temperature will affect NP physicochemical interactions and reactivity 
in natural waters. While the water chemistry such as pH and ionic strength can 
significantly affect the NP behavior in aqueous media, the current knowledge 
indicates that the water temperature is also influential in the aggregation 
behavior of CuO [139], cerium (IV) oxide (CeO2) [32,260,288], and ZnO NPs 
[32,296]. The water temperature has also been reported to exert an effect on 
the solubility of Ag [161,254], TiO2 [297], and ZnO NPs [241,250,296]. The 
majority of these studies did not focus on the role of water temperature, since 
few incubation temperature conditions were investigated and the significance 
of this factor among other environmental factors was not evaluated. 
Furthermore, the temperature effects on the environmental behavior of NPs 
were not broadly examined in a systematic study. In these studies, with 
increase of the temperature, either temperature-induced aggregation or 
disaggregation were observed for various NPs, and the solubility of e.g., Ag 
NPs, increased while it declined for ZnO NPs.  
We previously reported the role of water temperature in the kinetics of 
aggregation and dissolution of ZnO NPs in some laboratory-prepared samples 
[285]. In that short communication, a limited temperature range was studied, 
and no standard protocols were used for the preparation of the water samples. 
Furthermore, important surface properties of the NPs such as surface charge 
and adsorption were not investigated. The methodological details and some 
other environmental behavior and implications of ZnO NPs due to temperature 
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variation were not discussed. In another work reported in Chapter 4, we 
applied a multivariate approach to investigate the effects of combinatorial 
environmental factors including water temperature on the aggregation and 
dissolution of ZnO NPs [296]. In that study, the concentration of organic acid 
and electrolyte type were found to be the most influential factors on the NP 
aggregation, and the aggregation process was promoted with increase of 
temperature in some selected samples. The temperature effect was also 
investigated at three levels of (15, 25, and 35) 
°
C among other factors for the 
dissolution study, and the results showed that, in the combinatorial systems, 
this factor was less significant compared to other factors such as pH and 
electrolyte type. Very recently, the effects of temperature change on the long-
term stability and metal (dissolved nickel) leaching of single wall carbon 
nanotubes (SWCNTs) were investigated in different aqueous samples 
(deionized, fresh, storm, and wastewater) [298].  The study showed that the 
stability of SWCNTs was reduced at an elevated incubation temperature (ca. 
40 
°
C) due to nanotube surface charge reduction which favored aggregation. 
On the other hand, no significant difference was observed between the long-
term metal leaching (over 3 months) at 4 
°
C and 40 
°
C in all test matrices.   
In this chapter, we report the effects of water temperature on the behavior 
and fate of ZnO NPs in standard, synthetic freshwater samples with varying 
pH and hardness. Although experiments in natural waters could produce more 
realistic results, they may not provide direct and necessary information on the 
processes involved owing to the complexity of these systems. So far, synthetic 
(artificial) waters that could mimic the conditions of natural waters with 
reduced complexity, have been widely used for the anticipation of the 
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behavior, fate and toxicity of NPs in aquatic environments 
[239,242,246,250,283,299‒302]. The aggregation of these NPs as well as 
surface charge, solubility, and surface adsorption of NOM and zinc ions (Zn
2+
) 
are studied at various temperature levels (4 
°
C – 45 °C), and differences among 
observations are evaluated by one-way ANOVA. The occurrence, solubility, 
bioavailability, and toxicity of ZnO NP are high [239], and the NP has been 
listed as a priority nanomaterial for exposure and effects assessment [5]. As 
such, it is necessary to predict ZnO NP behavior, fate and toxicity in aquatic 
environments through a systematic study of NP aggregation, dissolution, and 
adsorption.  
5.2 Materials and methods 
5.2.1 Chemicals  
ZnO nanopowder (average particle diameter = 52 nm; see Table 5-1 for 
properties), analytical-reagent grade sodium bicarbonate, calcium sulfate, 
magnesium sulfate, potassium chloride, and humic acid (sodium salt, 
dissolved organic carbon (DOC) ~54% (w/w)), were purchased from Sigma-
Aldrich (St. Louis, MO, USA). Ultrapure nitric acid (65% v/v) and zinc 
standard solution (1000 mg/L) were obtained from Merck (Darmstadt, 
Germany). Ultrapure water (18.2 MΩ) was generated by a PURELAB Option-
Q water purification system (ELGA LabWater, Marlow, UK). 
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Table 5-1 Summary of ZnO nanoparticle properties 
Parameter Value 
Density (g/mL) 5.61 
Vendor-reported size (nm) 50 – 70 
Average particle size- TEM-measured (nm) 52 ± 9 
HDD- DLS-measured (nm) 330 ± 25 
Specific surface area- calculated (m
2
/g) 16 ± 2 
BET specific surface area- measured (m
2
/g) 19 ± 3 
Isoelectric point (IEP)  9.0 
Zeta potential (mV) in ultrapure water  (pH = 6.4) +23 
Purity by TGA (wt. %) 97.13 
Moisture content by TGA (wt. %) 1.68 
 
5.2.2 Sample preparation 
Three types of water samples, very soft water (VSW), moderately hard water 
(MHW), and very hard water (VHW), were prepared according to U.S. 
Environmental Protection Agency (EPA) protocol, EPA-821-R-02-013 [303], 
as standard, synthetic freshwater samples with various pH and hardness levels. 
The water chemistries of these samples are provided in Table 5-2. NaHCO3, 
KCl, and MgSO4.7H2O, were added to ultrapure water according to Table 5-2, 
and aerated overnight. A separate CaSO4 solution was prepared by stirring it 
until complete dissolution, and added to the first solution. The mixture was 
then aerated for 24 h. Humic acid solution (500 mg/L) was stirred at pH 9.0 
overnight to ensure dissolution, and filtered through a 0.1-µm cellulose 
membrane filter. It was then added to the samples as an NOM surrogate (2 mg 
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C/L). The addition of humic acid did not change the sample pH significantly 
(<0.1). The ionic strength values were (0.572, 4.58, and 18.34) mM for the 
VSW, MHW, and VHW samples, respectively. All solutions were passed 
through 0.1-µm syringe filters (Whatman, Sanford, ME, USA) before use. The 
temperature of the water samples was adjusted by incubation in a low-
temperature water bath. A concentration of 20 mg/L of ZnO nanopowder 
(within the range of typical concentration used for aggregation, dissolution, 
and toxicity assessment studies of ZnO NPs [30,239,241,244]) was selected to 
ensure the dissolution equilibrium and sufficient concentration of residual 
ZnO NPs. The nanopowder was subsequently dispersed in the synthetic 
samples under ultrasonication in an ultrasonic bath (Soniclean, Thebarton, SA, 
Australia) at 0.27 kW of power for 15 min. The temperature of water used in 
the ultrasonic bath, was set to the desired temperature, and maintained by 
adding ice in case of sample warm-up due to the ultrasonication.  





Reagent added (mg/L) Approx. final water quality 







VSW 12 5.9 15.35 0.5 6.4 – 6.8 41 10 – 13 
MHW 96 47.4 122.86 4 7.4 – 7.8 288 57 – 64 
VHW 384 189.8 491.44 16 8.0 – 8.4 934 225 – 245 
a 
All samples contain 2 mg C/L of humic acid, mimicking the NOM.
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The prepared samples were stored in the dark, or in amber glass vessels 
prior to use. All synthetic samples contained 2 mg C/L of humic acid, unless 
otherwise stated.  
5.2.3 Characterization of ZnO NPs 
Time-resolved dynamic light scattering (TR-DLS) was conducted under 
controlled-temperature conditions, immediately after ultrasonication. The 
samples were transferred into standard 1 × 1 cm disposable cuvettes, and 
shaken very well prior to analysis. The intensity-weighted average HDD and 
polydispersity index (PDI) were determined using a Malvern Zetasizer Nano 
ZS analyzer (Worcestershire, UK) after adjustment of the instrument 
temperature. A 4 mW He–Ne laser (633 nm) source and a detection 
(scattering) angle of 173
◦
 were applied. The HDD of the particles was 
calculated from the particle diffusion coefficient according to Stokes–Einstein 
equation, using the cumulant analysis for fitting the autocorrelation function 
[289].  
The initial rate of increase in hydrodynamic radius (rh) with respect to 
time (t), drh/dt, is related to aggregation rate constant (k11) and initial particle 
number concentration (N0) (see Equation 5-1 below [304]): 
(drh/dt) t → 0 α k11 × N0        (Equation 5-1) 
The rate of NP aggregation can be calculated from the linear regression of 
the aggregation kinetics curve (particle size versus time) when N0 is constant. 
The rate was calculated within the initial time of the aggregation process in 
which the hydrodynamic radius reached ~1.38 times of the initial value in the 
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synthetic samples. The time was in the range of ~14 ‒ 22 min and ~7 ‒ 8 min 
in the VSW and MHW samples, respectively, which was shorter at higher 
water temperatures. This method is typically used to estimate the rate of 
doublet formation [305]. In case of very fast aggregation, the hydrodynamic 
radius data obtained within the initial 10 min of the aggregation process were 
used to calculate the rate of the NP aggregation. At this stage, the 
hydrodynamic radius exceeded the value used for doublet formation but still 
showed good linear relationship with time, and therefore, the rate of 
aggregation was calculated from the slope of the plot of hydrodynamic radius 
versus time using least squares (R
2
 >0.98) [304].  
To investigate the effect of temperature ramp rate on the aggregation 
kinetics of ZnO NPs, the temperature parameter of the DLS instrument was 
adjusted as follows: for temperature ramp rate of zero (dT/dt = 0), the water 
temperature was first adjusted to 45 
°
C, and the NPs were subsequently 
dispersed in the water sample. The sample was then transferred into a cuvette, 
and incubated for 3 h at this temperature in the instrument. For dT/dt >0, the 
NPs were first dispersed in the water sample at room temperature (~23 ± 1 
°
C), 
after which the sample cuvette was inserted into the instrument and warmed 
up to the target temperature of 45 
°






C/min . The dynamic sedimentation process was determined using UV–
visible spectrophotometer (Synergy Mx, Biotek, Winooski, VT, USA) through 
time-resolved optical absorbency at λ = 375 nm, and an average of triplicate 
measurements was reported [248]. TEM image was obtained with a high 
resolution TEM JEM-3010 (JEOL, Tokyo, Japan) at 300 kV. Five microliters 
of aliquot of a well-homogenized sample was loaded onto a copper grid, and 
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air-dried prior to imaging. The organic carbon concentration (as mg C/L) was 
determined by a TOC analyzer (TOC-5000A, Shimadzu Corp., Kyoto, Japan). 
The zeta- (ζ-)potential was measured by Malvern Zetasizer Nano ZS analyzer 
at different adjusted temperatures. It was calculated from the electrophoretic 
mobilities of the particles using Smoluchowski equation [289]. The cuvettes 
used in these experiments were pre-heated or pre-cooled to the desired 
temperatures to minimize the change in water temperature during 
measurement. The N2-BET specific surface area was determined by ASAP 
2020 surface area analyzer (Micromeritics, Norcross, GA, USA), and is shown 
in Table 5-1. The purity and moisture content of the ZnO nanopowder were 
measured by thermogravimetric analysis, and are presented in Table 5-1. 
5.2.4 Dissolution experiment  
The dissolved zinc concentration was measured at different incubation 
temperatures and different time intervals. The prepared suspensions (in 50-mL 
sealed and aluminum foil-covered glass tubes) were continuously shaken in a 
low-temperature orbital shaker incubator (LM-530R, Yihder Technology, 
New Taipei City, Taiwan). The shaker was used to enhance mixing and 
equilibration conditions in the sample suspension [249,282,301], and to mimic 
the circulation conditions with natural surface waters [296,306]. They were 
then filtered through 0.1-µm syringe filters, and ultracentrifuged at 22,000 rpm 
(40,746 ×g) for 30 min in a Beckman Model L8-M ultracentrifuge with SW-
28 rotor (Beckman Coulter, Fullerton, CA, USA) [241,242,250]. The TEM 
images of supernatant solutions indicated the absence of the NPs. The 
supernatant was then acidified with HNO3 (5% v/v), and analyzed by ICP-
175 
 
OES (Optima 7300 DV, Perkin-Elmer, Waltham, MA, USA) and ICP-MS 
(Sciex ELAN 9000, Perkin-Elmer, Waltham, MA, USA). To account for the 
potential losses of ionic zinc due to the sorption on the vessels wall and effects 
of water chemistry and temperature of the samples, control samples containing 
1 ‒ 10 mg Zn2+/L were spiked under identical conditions applied to the NP 
dissolution experiment, and good recoveries of ionic zinc after 48 h (>92%) 
were achieved.  
5.2.5 Adsorption of NOM and Zn
2+
 
The samples were prepared, incubated, and separated with the same 
procedures as with the dissolution experiment. The adsorption of humic acid 
reached an equilibrium within 24 h by shaking the samples, since after this 
period, the concentration of free (unbound) humic acid did not change 
significantly in all synthetic samples and at various temperatures. To calculate 
the equilibrium concentration of humic acid adsorbed on the NP surface, the 
concentration of free humic acid (as mg C/L) in the supernatant solution was 
measured after 24 h using the TOC analyzer, and subtracted from the initial 
concentration of the control sample of humic acid in the synthetic waters 
(ultrafiltered and ultracentrifuged in the absence of ZnO NPs). It was then 
divided by the NP concentration to give the amount of NOM adsorbed on the 
NP surface (mg C/g). The non-dissolved portion of ZnO NPs was calculated 
from the results of the dissolution experiment (e.g., 12.1 mg/L for VSW 
sample at 4 
°
C), and used as the NP concentration. 
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Since adsorption of Zn
2+
 on the NP surface might compete with the 
adsorption of NOM, and vary due to complexation with the adsorbed NOM 
[30,307], a separate set of ZnO NP suspensions spiked with 2 mg/L Zn
2+
 was 
prepared in the synthetic waters without the addition of humic acid. As with 
the dissolution experiment, the supernatant was collected after 24 h, and 
analyzed by ICP-OES/ICP-MS. The amount of Zn
2+
 adsorption (mg Zn
2+
/g) 
was then calculated from concentration of the control sample of Zn
2+
 
(identically prepared and measured in the absence of the NPs) and equilibrium 
concentration. Control samples of ZnO NPs with unspiked humic acid and 
Zn
2+
 were also analyzed for the dissolved portion.  
All experiments were carried out in triplicate, and an average of three 
independent replicates with standard deviation (SD) was reported (mean ± SD, 
n = 3).  
5.2.6 Statistical approach 
The significance of temperature effects on the variability of the behavior and 
fate of ZnO NPs in each water sample was evaluated by one-way ANOVA at 
the 95% confidence level (at least). 
5.3 Results and discussion 
5.3.1 Aggregation 
The electrolytes, depending on the valence and concentration, may lead to the 
NP aggregation due to charge screening effects [243,244]. The NP aggregation 
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was thus enhanced in the VHW sample. It has also previously been shown that 
an intermolecular bridging between calcium ions (Ca
2+
) and NOM can 
enhance the aggregation [243,244]. TEM images of ZnO NPs in the synthetic 
freshwater samples are shown in Figure 5-1a. The formation of large 
aggregates in the VHW sample was evident. Figure 5-1b shows the 
sedimentation process of these particles in the test matrices. As expected, a 
relatively stable suspension was observed in the VSW sample. 
The temperature-dependent kinetics of the NP aggregation within the first 
3 h of the NP dispersion (after ultrasonication) in various water samples are 
shown in Figure 5-1c. As can be seen in this figure, the kinetics of the NP 
aggregation significantly declined in the VSW sample owing to the lower 
ionic strength, and NOM was able to enhance the stability of the NPs. With 
increase of ionic strength for the MHW and VHW samples, NOM at the level 
of this study (2 mg C/L) did not hinder aggregation process. The HDD of the 
NPs reached ~2 µm in the VHW sample within the first 30 min of the 
aggregation process. The rate of the NP aggregation (nm/s) in the synthetic 
waters was calculated at different temperatures. It was in the range of (0.013 ‒ 
0.023), (0.04 ‒ 0.048), and (1.43 ‒ 1.56) nm/s for the VSW, MHW, and VHW 
samples, respectively. Both the NP aggregation and disaggregation processes 
might be promoted at elevated temperatures. The random Brownian motion 
and collision frequency of the NP could be increased, leading to an enhanced 
aggregation [260,276,308], whereas the enhanced Brownian motion and 
thermal kinetic energy of water molecules might also break the weakly bonded 
aggregates, and could contribute to NP disaggregation [32,260,309]. Such an 
aggregate breakup was previously reported for metal oxide NPs such as CuO 
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[139], CeO2 [32,260,288], iron (III) oxyhydroxide [310], and ZnO NPs [32]. 
In the present study, the hydrodynamic sizes of ZnO aggregates showed an 
increase with a rise in the temperature, and increased rates of the aggregation 
were observed in the synthetic waters.  
 
Figure 5-1 (a) TEM images of ZnO aggregates in the VSW (top), MHW 
(middle), and VHW (bottom) samples. (b) Sedimentation plots of ZnO NP 
suspension in different synthetic freshwater samples (measures at 5- and 10-
min intervals), presenting average time-resolved optical absorbency measured 
by UV‒visible spectrophotometer. (c) Kinetics of ZnO NP aggregation in the 
VSW (top), MHW (middle), and VHW (bottom) samples at different 
temperatures, showing the time-dependent average hydrodynamic diameters 
determined by dynamic light scattering analyzer. Error bars (representing the 




The average PDI values after 3 h of aggregation were below 0.4 in all 
synthetic samples (see Figure 5-2). The PDI values for the VSW sample were 
0.119 and 0.217 at 4 
°
C and 45 
°
C, respectively, indicating that the aggregate 
size distribution of ZnO NPs was broadened with increase of temperature in 
this sample. The PDI values were in the range of 0.228 – 0.291 and 0.317 – 
0.389 for the MHW and VHW samples, respectively, and no clear trend was 
observed with temperature change in these samples. Based on the one-way 
ANOVA, the PDI values at 15 
°
C and 45 
°
C in the VSW sample, and at 45 
°
C 
in the MHW sample were significantly different from those at  25 
°
C (as 































Figure 5-2 Effect of temperature on the average polydispersity index of ZnO 
NPs in various synthetic freshwater samples, calculated by using the DLS 
instrument. Asterisk (*) indicates significant difference from control (at 25 
°
C) 
(p <0.05). Error bars represent standard deviations of triplicate measurements. 
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The aggregate size distribution at 45 
°
C (Figure 5-3) did not show any 
distinguishable peaks at smaller aggregate sizes for all synthetic samples, 
possibly due to very low corresponding intensities of the scattered laser light. 




























Figure 5-3 Intensity-normalized aggregate size distribution of ZnO NPs at 45 
°
C in different synthetic freshwater samples. 
The significance of the temperature effect was evaluated by one-way 
ANOVA. The F-ratios calculated by this method, are given in Table 5-3. 
Based on the ANOVA, the effect of temperature on the rate of ZnO NP 
aggregation was significant in the VSW sample (p <0.05). The ANOVA 
results showed that the differences among the rates of the NP aggregation at 
various incubation temperatures were insignificant in the MHW and VHW 
samples. This indicates that the water chemistries of these samples were more 
influential on the aggregation process. 
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Table 5-3 Summary of one-way ANOVA of influence of water temperature 





































     a Critical value is 3.48 (p <0.05).  
b 
Critical value is 5.99 (p <0.01). 
c 
Critical value is  
14.28 (p <0.001). 
The effect of temperature ramp rate on the aggregation kinetics of ZnO 
NPs in the synthetic water samples was investigated. As shown in Figure 5-4, 
the aggregation kinetics were lower at dT/dt = 0.25 
°
C/min, particularly in the 
VSW sample, owing to the lower initial temperature and gradual increase of 
the water temperature. The rate of the NP aggregation was calculated for the 
water samples at different temperature ramp rates. It was e.g., 0.023 nm/s, 
0.018 nm/s, and 0.026 nm/s, at the temperature ramp rates of 0, 0.25, and 1 
°
C/min, respectively, in the VSW sample. The rate at dT/dt = 0.25 
°
C/min was 
found to be significantly lower than that at dT/dt = 0 (as control) (p <0.05) in 
this sample, indicating the role of the temperature ramp rate in the kinetics of 






















dT/dt = 0.25 C/min





















dT/dt = 0.25 C/min


















dT/dt = 0.25 C/min
dT/dt = 1 C/min
 
Figure 5-4 Effect of temperature ramp rate on the aggregation kinetics of ZnO 
NPs in the VSW (a), MHW (b), and VHW (c) samples. The target temperature 
is 45 
°
C. Data show the time-dependent average hydrodynamic diameters 
determined by dynamic light scattering analyzer. Error bars (indicating the 






As can be seen for the VSW and MHW samples, the aggregation 
behavior showed deviation from linearity at dT/dt = 1 
°
C/min. At this ramp 
rate, the water temperature was increased quickly from room temperature, and 
consequently, the temperature-induced aggregation process was promoted. 
Therefore, the kinetics of the NP aggregation were relatively high until the 
target temperature of 45 
°
C was reached. Afterwards, the sample suspension 
was kept at the constant temperature of 45 
°
C, leading to a reduction of the 
kinetics of the aggregation. The aggregation process no longer progressed at 
the same initial rate. 
5.3.2 Surface charge of ZnO NPs 
The NP surface charge determines the repulsive electrical double layer energy 
between NPs in a suspension [244]. NPs with lower surface potentials would 
aggregate in water. Figure 5-5 illustrates the temperature dependence of the ζ-
potential of ZnO NPs in the synthetic water samples (containing 2 mg C/L of 
humic acid). As shown in this figure, the ζ-potentials were negative because 
the NP surface-adsorbed humic acid was deprotonated at the pH levels of the 
synthetic water samples (6.4 – 8.4). However, cations, and particularly 
divalent cations, were able to reduce the surface charge [243,244]. The ζ-
potential was a function of both the pH and ionic strength, and varied among 
the synthetic water samples. It was -45 mV in the VSW sample at 4 
°
C, while 
the corresponding values in the MHW and VHW samples were -19 mV and -
3.3 mV, respectively. This indicates that at the pH and ionic strength of the 
VSW sample (see Table 5-2), the adsorbed NOM imparted negative charge on 
the NP surface more pronouncedly than that in the MHW sample, leading to 
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formation of relatively stable NPs. The significantly lower surface potentials 
in the VHW sample can be attributed to effective charge screening at high 
ionic strength and divalent cations levels. The results corresponding to each 
sample showed that the negative charge was partially reduced at elevated 
temperatures. The ANOVA results in Table 5-3 indicated significant 
differences among the results of the ζ-potential of ZnO NPs in the VSW and 
MHW samples (p <0.05). The effect of temperature was not significant in the 
VHW sample. 
The humic acid adsorption on the NP surface was influenced by the water 
temperature (see below), and therefore, was able to directly affect the surface 
potential of ZnO NPs. It is also possible that the enhanced ionic strength and 
activities of electrolyte constituents at elevated temperatures led to charge 
reduction. The ζ-potential (absolute value) markedly decreased at elevated 
temperatures in the MHW sample but no significant alteration in the 
aggregation state of ZnO NPs occurred. This suggests that the NP surface 
charge alone was not able to determine the NP stability in a given suspension. 
It is worth noting that the ζ-potentials were positive in the samples without 
humic acid, with the average values of +20.3, +8.1, and +3.6 mV in the VSW, 
MHW, and VHW samples, respectively, at room temperature. The positive 
charge of ZnO NPs was also screened at higher temperatures, likely due to 
enhanced NP surface proton desorption (data not shown) [33,311]. Such a 
reduction was previously observed for positively charged CuO, CeO2, and 




Figure 5-5 Effect of temperature on the ζ-potential of ZnO NPs (average 
value) in the synthetic freshwater samples (containing 2 mg C/L of humic 
acid), determined by ζ-potential analyzer. Error bars show standard deviations 
of three independent replicates.  
5.3.3 Dissolution kinetics 
The solubility of ZnO NPs has been shown to be an exothermic process 
[176,241,250]. Hence, the kinetics of the dissolution was examined by 
measuring the dissolved zinc concentration in the synthetic water samples at 
different incubation temperatures within 48 h. The results showed that the 
solubility declined with increase of water temperature (see Figure 5-6). The 
release of the dissolved zinc was faster within the initial 6 h in all samples. At 
the pH level (6.4 ‒ 6.8) and salt content of the VSW sample (see Table 5-1), 
the NP solubility was significantly enhanced as a result of increased 
hydrolysis of the NP surface [30]. As shown in Figure 5-6, the dissolved zinc 
concentration reached ~6 mg/L after 6 h in this sample. On the other hand, the 





Figure 5-6 Dissolution kinetics of ZnO NPs in various synthetic freshwater 
samples at 4 
°
C (a), 25 
°
C (b), and 45 
°
C (c), showing the time-dependent 
average dissolved zinc concentration measured by ICP-OES/ICP-MS. Error 




 The corresponding values were in the range of (1.52 ‒ 1.72) and (0.71 ‒ 
0.84) mg/L in the MHW and VHW samples, respectively. This suggests that 
the release of the dissolved zinc from the NPs depends largely on the water 
chemistry of a sample.  
 The rate of dissolution was assumed to be first order, and the results fitted 
to the curves with Equation 4-3 [139,201], using least squares (R
2
 >0.95). The 
estimated k values (from Equation 4-3) at various incubation temperatures are 
shown in Table 5-4. An increase in the water temperature resulted in a 
reduction of the rate of dissolution. The reduction was higher in the VHW 
sample. This could be attributed to the effects of temperature on electrolyte 
activities and ionic strength that can alter the chemical potential of the solution 
(according to Debye-Hückel law) [280]. 
Based on the ANOVA, the effect of temperature on the rate of dissolution 
was significant in the VHW sample (p <0.05) (see Table 5-3). As shown in 
Table 5-4, the highest k values were estimated for ZnO NPs in the VSW 
samples (0.386/h and 0.336/h at 4 
°
C and 45 
°
C, respectively), because of the 
lower pH and formation of small NP aggregates [249,312]. The lowest rates of 
release of the dissolved zinc were observed in the VHW sample. This could 
originate from the suppressive effects of the water chemistry and pH of the 
synthetic samples, and NP aggregation on the dissolution [30,250,285]. 
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Table 5-4 Dissolution rate coefficient (k) of ZnO NPs in different synthetic 





























Average value (n = 3) 
5.3.4 Adsorption of NOM and Zn
2+
 
The high surface area of nanosized materials enables them to adsorb various 
chemicals in the forms of dissolved and suspended particulate matter (SPM). 
The latter includes organic and inorganic contaminants, and NPs can act as 
carriers to facilitate their transport and penetration at highly accumulated 
levels [313,314]. The current work focused on the effects of water temperature 
on the adsorption of NOM and Zn
2+
 onto the ZnO NP surface. Undoubtedly, 
more investigation is needed to address the influence of water temperature on 
the ENP surface adsorption/desorption of heavy metals and other toxic 
contaminants and coating chemicals (such as surfactants, polymers, and 
organic acids) [315], with respect to adsorption isotherms, kinetics, and 
thermodynamics. Humic acid, as an NOM surrogate, has been shown to be 
adsorbed onto the ZnO NP surface mainly via its carboxylate groups [178].  
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Here, the thermodynamics of adsorption of 2 mg C/L of humic acid on 
the ZnO NP surface was investigated. Fig. 5-7a shows NOM adsorption as a 
function of temperature in various synthetic water samples after 24 h. The 
amount of NOM adsorption generally declined at higher temperatures. The 
maximum amount of NOM adsorbed on the NPs in the VSW sample was 
calculated to be 17.2 mg C/L at 4 
°
C. The highest values were observed in the 
MHW sample (20.3 mg C/g at 4 
°
C, and 15.7 mg C/g at 45 
°
C). This can 
originate from the higher ionic strength of the MHW sample relative to the 
VSW sample; although the surface area of the NP aggregates was expected to 
be higher in the latter. This suggests that the ionic strength in these samples 
contributed to the adsorption more effectively. It has previously been shown 
that the enhanced compression of the double layer of the humic acid-NP 
aggregates at higher ionic strength may lead to increased NOM adsorption 
[316,317]. On the other hand, the ionic strength of the VHW sample was 
higher than that of the MHW sample, and one would thus expect an enhanced 
adsorption. The lower amount of the NOM adsorption in the VHW sample 
(14.4 mg C/g at 4 
°
C, and 10.8 mg C/g at 45 
°
C) could be attributed to the 
formation of large clusters in this sample that provided significantly smaller 
surface area for adsorption [244,248,317]. The van’t Hoff plot (Figure 5-7b) 
was used to calculate thermodynamic parameters (see Equations 5-2 to 5-4 
below [179]).  







       
(Equation 5-4) 
 
where ∆G° is the Gibbs free energy of adsorption (J/mol), R is the gas 
constant (8.314 J/(mol K)), T is the temperature (K), K is the adsorption 
equilibrium constant, ∆S° is the change in entropy of adsorption (J/K), ∆H° is 
the change in enthalpy of adsorption (J/mol), CAe is the equilibrium 
concentration of adsorbate on solid phase (mg/L), and Ce is the equilibrium 
concentration of adsorbate in solution (mg/L). The change in enthalpy of 
adsorption (∆H°) of -6.12 ± 0.05 kJ/mol and the change in entropy of 
adsorption (∆S°) of -35.00 ± 1.70 J/(K mol) were calculated in all water 
samples. The negative ∆H° value indicated that the NOM adsorption was 
exothermic. 
The adsorption of ionic species to their corresponding NP can reduce the 
accuracy of the NP analysis when these species are extracted and measured 
with NPs [120]. It may also interfere with the toxicity assessment of NPs. The 
implications of heavy metal ions uptake (adsorption onto NP surface) is worth 
attention [179,310]. The adsorption of Zn
2+
 as both the corresponding ion and 
heavy metal ion surrogates at the spiked level of 2 mg/L on ZnO NPs was 
investigated after 24 h. As can be seen in Figure 5-7c, this process was also 
temperature-dependent and exothermic. It was greatly diminished at elevated 
temperatures where ion desorption from active sites of the NP surface could be 





adsorption in the MHW sample was the highest (65.2 mg/g at 4 
°
C, and 34.3 
mg/g at 45 
°C). From the van’t Hoff plot (Figure 5-7d), ∆H° of -22.31 ± 1.18 
kJ/mol and ∆S° of -78.21 ± 6.33 J/(K mol) were calculated, consistent with 
those published in the literature [179]. From the negative ∆S° value, it can be 
implied that the ion disorder on the NP surface (solid state) was reduced, 
compared with that in the solution.   
 
Figure 5-7 Effects of temperature on the amount of NOM (a) and Zn
2+
 (c) 
adsorption on ZnO NP surface after 24 h in the synthetic water samples, and 
their related van’t Hoff plots (b,d). The spiked levels of NOM, Zn2+, and ZnO 
NPs are 2 mg C/L, 2 mg/L, and 20 mg/L, respectively. Data represent the 
average values measured by TOC analyzer (in (a)) and ICP-OES/ICP-MS (in 
(c)), and error bars show standard deviations of three independent replicates.  
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 The effects of water temperature on the NOM and Zn
2+
 adsorptions were 
significant in all test matrices (see Table 5-3). This further confirmed that 
these processes were controlled thermodynamically. The observed 
discrepancies in the amounts of adsorption among synthetic water samples 
could be attributed to various water chemistries (pH, ionic strength, 
electrolytes) and aggregation states (NP surface area for adsorption). 
Furthermore, ∆H° for both the humic acid and Zn2+ adsorptions at the 
temperatures of study were low and in the range of physisorption than 
chemisorption. Hence, sorption activation energy was low, and this process 
could be reversible, leading to desorption of these materials [179]. From the 
results, it could be deduced that weak chemical bonds between functional 
groups of humic acid and ZnO NP surface (ligand exchange) [178] were 
formed.  
5.3.5 Environmental implications 
The temperature of natural waters can change over a wide range as a result of 
natural phenomena and anthropogenic activities. It may be altered markedly 
by seasonal/diurnal air temperature and thermal stratification in lakes [318]. 
Heated industrial waste streams, asphalt and pavement runoff, and 
deforestation can also lead to thermal pollution in natural waters. These would 
influence the physicochemical properties of water, reactions rates, and mineral 
solubility. Diversity of aquatic organisms such as water column and benthic 
species, and their growth rates, are also related to water temperature gradient 
[319]. Furthermore, dissolved oxygen (DO) greatly declines at elevated 
temperatures. While the DO is vital for aquatic organisms, as an electron 
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acceptor, it plays an important role in the risk posed by ENPs through 
formation of reactive oxygen species (ROS) and exerting oxidative stress on 
living cells [239,320].   
The aggregation process of ZnO NPs may not be markedly influenced by 
the water temperature, particularly in the water bodies with enhanced ionic 
strength. Although the surface charge is partially reduced with increase of 
temperature, it could not be the sole indication of the stability of the NPs. In a 
warm aquatic environment, the release of toxic Zn
2+
 is mitigated, whereas the 
release/desorption of surface-adsorbed chemicals like highly accumulated 
toxic pollutants [310] and heteroaggregated SPM [321] might be promoted,  
such as observed for the adsorption of humic acid and Zn
2+
. Thus, while ZnO 
NPs pose high exposure risks to aquatic organisms at low temperatures due to 
the enhanced solubility, they are likely to release surface-adsorbed 
contaminants when the temperature increases (such as inside the body of a 
warm-blooded vertebrate), and exert an “enhanced Trojan horse effect” 
[313,314]. 
5.4 Conclusion 
The influence of water temperature on the behavior and fate of ZnO NPs in 
various U.S. EPA synthetic aqueous media was investigated. Based on the 
results, ZnO NP dissolution and surface adsorption were exothermic, whereas 
the aggregation rate was not necessarily altered significantly with temperature 
variation. The gradual increase of temperature resulted in the lower kinetics of 
the NP aggregation, while the latter deviated from linearity at high 
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temperature ramp rate (ca. 1 
°
C/min), particularly in the water samples with 
low ionic strength. The surface potential (absolute value) of ZnO NPs 
increased in colder aqueous media which might influence their stability and 
surface interactions. Adsorptions (uptakes) of humic acid and Zn
2+
 as NOM 
and heavy metal surrogates, respectively, were significantly enhanced by 
lowering the water temperature. Hence, any variation in the water temperature 
will potentially impact the behavior and toxicity of NPs originating from 
adsorbed NOM/coating chemicals.  
As a protocol suggested here to investigate the combined effects of water 
chemistry and temperature under controlled conditions, three different types of 
standard, synthetic freshwaters containing 2 mg C/L of humic acid as an NOM 
surrogate were selected and studied. The current work, however, was limited 
to the water chemistries of these samples. As such, more investigation is still 
needed to address the combined effects of temperature and largely variable 
water chemistries of natural waters with regard to different types of 
electrolytes and NOM [296] present in these complex matrices. Although the 
present study was conducted using synthetic freshwater samples, the results 
provide some basic understanding of the temperature-dependent dynamic 
behavior of ZnO NPs, and may eventually be applied to natural aqueous 
systems. The anticipation of such behavior and fate with respect to water 
chemistry and temperature of a reservoir will give some insight into the 
toxicity assessment of ENPs in natural waters. The combined effects of, e.g., 
NP size and concentration and NOM/Zn
2+
 concentration, on the kinetics of 
aggregation, dissolution, and adsorption at different temperature levels in 
aqueous media are worth attention. They require a number of separate sets of 
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experiments, and therefore, very large investigation. Furthermore, more 
studies are needed to address the implications of temperature variation, 
regarding chemical reaction rate, organism growth rate, and other temperature-
dependent (bio)physicochemical phenomena, which ultimately influence the 





Chapter 6 Conclusions and future work 
The work described in the current thesis, included the development of 
microextraction techniques using Triton X-114 (TX-114) as a non-ionic 
surfactant and cyclohexane as a non-polar organic solvent for the species-
selective separation, preconcentration, and determination of trace CuO 
(Chapter 2), and Ag and TiO2 NPs (Chapter 3), respectively, in environmental 
water samples. Orthogonal array design (OAD) as a chemometric approach 
was employed for the preliminary optimization of the reagents used for the 
liquid microextraction. It was further applied to investigate the effects of six 
co-varying environmental factors on the aggregation and dissolution of ZnO 
NPs (Chapter 4). The role of water temperature as an important ambient factor 
on the behavior and fate of ZnO NPs was fully studied in the EPA synthetic 
water samples with varying pH and hardness (Chapter 5). 
 In Chapter 2, cloud point extraction (CPE) was applied for the separation 
of CuO NPs in environmental waters, and the behaviors of CuO NPs such as 
aggregation, dissolution, and surface adsorption, and their effects on the 
extraction efficiency were studied. The association of the NPs with the TX-
114 micelles resulted in an increase of hydrodynamic diameter (HDD) of CuO 
NPs to 4 – 5 µm due to agglomeration of NP-micelle assemblies, such as 
observed earlier [114]. The sample pH below 8.5 significantly enhanced the 
solubility and the loss of the NPs in the initial 60 min of the incubation, 
thereby reducing the extraction efficiency. The extraction efficiency also 
declined in the presence of > 5 mg C/L of dissolved organic carbon (DOC). 
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This can be attributed to the adsorption of humic acid onto the NP surface, 
thereby increasing the hydrophilicity of NPs.  The results are not in line with 
those previously reported for the CPE of Ag and Au NPs [118,119]. This may 
be explained by the various kinetics of adsorption of different NPs. Copper(II) 
ions (Cu
2+
) at a concentration more than two times that of CuO NPs, enhanced 
the apparent extraction efficiency. This may originate from adsorption of Cu
2+
 
on the NP surface and coextraction with CuO NPs. The results indicate that, 
for the CPE of trace levels of NPs, the behavior of NPs under various 
experimental and environmental conditions can influence the extraction 
efficiency.   
The surface of the citrate-coated Ag and TiO2 were functionalized using 
11-mercaptoundecanoic acid (11-MUA) through an efficient ligand exchange 
(Chapter 3). Thereafter, very hydrophobic NPs were formed through 
interaction with octadecylamine (ODA). These surface-modified NPs were 
subsequently transferred quantitatively into cyclohexane. Such a quantitative 
transfer of trace NPs has not been reported previously [87,103,104]. The roles 
of cationic surfactants (e.g., TOAB) as phase-transfer catalysts, and disperser 
(mediator) solvents (e.g., methanol) in the extraction efficiency were also 
studied. The successful NP-surface modification and phase transfer were 
confirmed by the determination of the enriched NPs in the organic phase after 
microwave digestion and ICP-OES/MS analyses, and characterization of the 
extracted NPs by TEM, SAED, EDS, UV–visible, and FTIR spectroscopy. 
The approach was able to separate various sizes of NPs, and minimize the 
environmental interferences posed by natural organic matter (NOM) and 
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respective ions (e.g., Ag
+
). It was successfully applied to the analysis of 
natural water samples.  
The analytical approaches developed in the current thesis for the 
separation and quantification of NPs in aqueous systems were time- and cost-
effective, environmentally friendly, less labor- and instrument-intensive, and 
with high recovery, enrichment factor, and low LOD. They enabled us to 
minimize environmental interferences such as those caused by NOM and ionic 
species, and therefore, were applied for the speciation analysis of NPs and in 
complex aquatic environments. The enrichment of NPs also facilitated their 
detection and characterization. The behavior of NPs such as aggregation, 
dissolution, and adsorption as influential factors on the extraction efficiency 
were further investigated and reported. These approaches would thus give 
some insights into the sample handling, storage, and treatment procedures of 
NPs in environmental waters.  
 It should be pointed out that the pre-treatment of samples does not 
completely eliminate the interference posed by ions with the extraction of 
NPs. As such, more investigation is needed to minimize the coextraction of 
ions with NPs. Furthermore, the study mainly focused on aqueous samples 
since the environmental occurrence of ENPs in water (as a result of effluent 
discharge and abrasion) is higher than that in air and soil [2,21]. Future work 
should be devoted to the development of these separation techniques to 
measure NPs in other sample matrices. 
 The microextraction techniques developed in this thesis, can be 
extended to other metal-based NPs, and may be applied for assessing of the 
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exposure risks posed by these materials to water-column organisms. The 
results of these studies showed that the behavior and fate of NPs before and 
during the extraction may influence the extraction efficiency and the native 
states of the NPs, and therefore, need to be taken into account. The CPE 
technique is expected to simultaneously separate NPs in real samples, since at 
a pH close to IEP of NPs, the technique is able to efficiently separate the NPs. 
The issues relating to the coexistence of non-nanosized species such as ions 
and (sub-)micron-sized particles, in particular, those leading to inaccurate 
results, needs to be addressed. The CPE of NPs also has a potential to be 
extended to other complex matrices such as soil, food, and biota after 
appropriate pretreatment, and thus requires more study [21,117]. The use of 
mixed micellar systems in which two or more non-ionic surfactants are 
employed, is another interesting application of CPE for the separation of 
various engineered and coated NPs in nature, and therefore, merits further 
exploration. The liquid microextraction technique could be applied for the 
separation of other ENPs, since the  –SH group(s) of a mercaptocarboxylic 
acid show(s) high affinity toward the surface of the NPs, and the strongly NP 
surface-bound mercaptocarboxylic acid can subsequently interact with long 
alkyl chain amines in a proper medium to produce very hydrophobic NPs in 
the form of insoluble flocs.  
While the separation and detection of NPs in the environment is highly 
demanded, there is also an urgent need to correlate behavior and fate of NPs to 
a number of confounding experimental and environmental factors that 
resemble real conditions. Studies on the combined effects of the 
environmental factors on the behavior and toxicity of NPs are scarce, and 
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limited to few co-varying factors [289,322,323]. The study reported in Chapter 
4 of the thesis employed three-level OAD, an OA27 (3
13
) matrix, to investigate 
the combined effects of six pertinent environmental factors on the aggregation 
and dissolution of ZnO NPs. The chemometric (multiparametric) analysis was 
also applied as a preliminary optimization of the reagents used in the 
microextraction (Chapter 3). With the aid of the OAD, a number of 
combinations of factors and interactions could be assumed with fewer 
experiments. The results showed that the organic acid concentration was the 
most influential factor on the ZnO NP aggregation, whereas it did not 
markedly alter the dissolution, according to the ANOVA results. The 
interaction between the type and concentration of the organic acid was found 
to be significant. Hence, the chemistry of NOM can influence its amount 
adsorbed on the NP surface, and therefore, the steric and electrostatic effects 
of the NOM. The sample pH and NP concentration had less pronounced 
effects on the NP aggregation under the treatment conditions defined by the 
matrix. The effect of pH on the dissolution of ZnO NPs was as expected 
(enhanced solubility at pH 6.0). This combinatorial system showed that the 
electrolyte type and salt content as well as aggregation kinetics determined the 
kinetics of the NP dissolution.  
By utilizing the OAD approach, a number of aqueous systems with 
varying water chemistry in terms of salinity, acidity, NOM, and temperature, 
were studied. The environmentally relevant factors and levels that mimicked 
the conditions of natural waters were investigated. According to the matrix 
selected, three levels were assigned for each factor. For example, salt  content  
levels  of  2,  10,  and 50 mM were selected  for  all  types of  the  electrolytes 
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as environmentally relevant concentrations. However, this multivariate 
approach can also be potentially applied to investigate the combined effects of 
environmental factors at the levels rather than those used in this study. The 
results of this study may help understand the behavior and exposure risks of 
ENPs in environmental waters.  
The behavior and properties of ZnO NPs as a function of water 
temperature were investigated in the EPA test water media, and reported in 
Chapter 5. The kinetics of the NP aggregation and dissolution, surface 
potential, and surface adsorption of  NOM (humic acid as the surrogate) and 
heavy metals (Zn
2+
 as the surrogate) were determined at five temperature 
levels (from 4 
°
C to 45 
°
C). The kinetics of the NP aggregation were also 
studied at different temperature ramp rate (
°
C/min). The results indicated that 
the water temperature did not significantly influence the NP aggregation in 
samples with high ionic strength. An increase in the temperature ramp rate 
resulted in the enhanced kinetics of the NP aggregation. This may occur 
during the discharge of thermally polluted waste streams to receiving waters 
containing the NPs. Dissolution and surface adsorption of ZnO NPs were 
exothermic processes, and increased in colder waters. It could be implied that 
at elevated temperatures, the release of toxic Zn
2+
 is mitigated as a result of 
the reduced solubility, while desorption of contaminants from the NP surface 
could be enhanced. 
The surface potential of ZnO NPs is partially reduced with increase of 
temperature, thereby possibly affecting the stability and surface interactions of 
the NPs. The amount of the NOM and Zn
2+
 adsorbed were observed to be 
markedly decreased with increase of temperature. As such, the stability and 
202 
 
toxicity (due to the release of adsorbed contaminants) of ZnO NPs may vary 
substantially with the water temperature. The current approach has a 
predictive potential to correlate the NP behavior and fate to the water 
chemistry and temperature, and will provide critical information for the 
toxicity assessment of ENPs in freshwaters. The environmental implications 
due to temperature variation need more study, since the chemical reaction rate, 
organism growth rate, and other temperature-dependent physicochemical 
phenomena may also impact the distribution, bioavailability, and exposure 
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